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Abstract: Large tracts of lowlands have been drained to expand extensive agriculture into 
areas that were historically categorized as wasteland. This expansion in agriculture 
necessarily coincided with changes in ecosystem structure, biodiversity, and nutrient 
cycling. These changes have impacted not only the landscapes in which they occurred, but 
also larger water bodies receiving runoff from drained land. New approaches must append 
current efforts toward land conservation and restoration, as the continuing impacts to 
receiving waters is an issue of major environmental concern. One of these approaches is 
agricultural drainage management. This article reviews how this approach differs from 
traditional conservation efforts, the specific practices of drainage management and the 
current state of knowledge on the ecology of drainage ditches. A bottom-up approach is 
utilized, examining the effects of stochastic hydrology and anthropogenic disturbance on 
primary production and diversity of primary producers, with special regard given to how 
management can affect establishment of macrophytes and how macrophytes in agricultural 
landscapes alter their environment in ways that can serve to mitigate non-point source 
pollution and promote biodiversity in receiving waters. 

Keywords: channelization; eutrophication; restoration; wetland; ditch; stream; 
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1. Overview and Scope 

Increases in agricultural productivity have resulted in widespread changes to the landscape that has 
significantly altered the functioning of aquatic ecosystem processes [1-5]. The recognition of this 
dysfunction has led to strategies to rehabilitate functionality of aquatic ecosystems to increase the 
services they provide [6-15]. This review is intended to provide an overview of research examining 
the ecological impacts of these changes and the resultant mitigation efforts currently utilized in surface 
waters associated with agricultural landscapes. Agriculture is ubiquitous, thus any synopsis of its 
environmental effects must rely upon some degree of generalization and some degree of abridgement. 
Likewise, the present assessment of management practices for reducing these impacts is in some ways 
limited. This treatment focuses specifically on those practices that alter drainage patterns in 
agricultural landscapes, both with regard to environmental impacts and amelioration of those impacts. 
Changes in hydrology and nonpoint source pollutant loads in surface waters, specifically sediment, 
nitrogen, and phosphorus, are discussed in detail and related to their effects on macroscopic aquatic 
organisms. Conversely, other important nonpoint source aquatic pollutants such as pesticides, metals, 
and pathogens are not discussed. General crop and livestock management practices, as well as the 
indirect effects of agriculture on the spread of non-native organisms, though pertinent, do not fall 
within the scope of this review. 

As stated in the title, the ecosystem of focus is the low-gradient, agricultural headwater network. A 
focus specifically on the interface between agricultural inputs and the aquatic environment, must 
inevitably examine drainage ditches that are either completely artificial, or have been altered to the 
extent that they more closely resemble a man-made ditch than a naturally occurring drainage feature. 
Such a system may be labeled ditch, canal, stream, or creek depending upon historic condition and 
degree of naturalization or anthropogenic disturbance. In the present review, the term stream, although 
inclusive of ditches, generally refers to systems that are assumed to be created and maintained by 
fluvial processes unless the context dictates otherwise. "Ditch" is used to describe systems either 
created or maintained by human activities in order to increase water conveyance; whereas "drainage" 
refers to the practice water removal, or, when used in conjunction with "network" or "system," 
describes the entirety of streams and ditches modified for water conveyance. 

As described by Davies et al. [16], low-gradient ditches are linear, angular and often have little 
relationship with natural landscape contours. This definition is still somewhat broad for the purposes of 
this review, as it describes structures ranging in size from in-field trenches or swales to canals that are 
effectively channelized rivers [17,18]. The former are essentially terrestrial systems, whereas the latter 
cannot be considered headwaters, and require a different management approach. This review 
specifically examines those systems that can broadly be defined as wadeable streams or linear 
wetlands, that is, those that experience a degree of inundation resulting in hydric soils, but that would 
be considered, at most, a 3 rd order stream [19]. Following the Strahler stream order designation, 
primary ditches are those that receive the majority of their inflow directly from agricultural fields; 
whereas higher order ditches are fed by both primary ditches and the surrounding landscape. 
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2. Impacts of Agricultural Expansion 

As human society settles into a new millennium, in addition to looking ahead, a certain amount of 
retrospection can be expected regarding the role of our species in creating an environment conducive 
to maintaining a population of nearly seven billion. One important aspect of this retrospection is a 
consideration of how the achievements resulting in the population explosion of the 20 th century may 
have adversely affected the current and future well-being of our species, and the myriad other 
organisms comprising the ecosphere. Advances in agriculture and water management were 
fundamental for the exponential population growth of the last century and also for the improved 
quality of life experienced by many. Advances in communication, data processing, and environmental 
monitoring, however, have resulted in a qualitative shift in how we understand the relationship 
between technology and societal progress. 

The availability of academic search engines on the internet allows a rudimentary quantification of 
this shift with respect to research publications. A Scopus search (scopus.com) for research and review 
articles published from January 2000 to August 2012 containing the words agriculture and either 
"environmental impact" or "ecological impact" resulted in 20,826 documents. This number of 
documents is indicative of the widespread knowledge among researchers that such impacts do exists. 
Note that a number of similar words could be substituted for impact, potentially increasing the 
documents returned. Limiting the search to occurrences only found in the title, abstract, or keyword list 
decreased the number of documents found by Scopus to 3,478. Over the twelve year period examined, 
research output on this topic more than doubled from 165 publications in 2000, to 365 in 2011, with 
over 195 publications catalogued midway through 2012. 

Further limiting the search to only keywords and adding the additional requirement that drainage, 
ditch, or channelization appear in the keyword list further decreased the number of returned documents 
to 70, with 36% originating in the United States, and Australia and China accounting for another 10% 
each. A keyword search for (aquatic OR "water quality" OR pollution) AND agriculture AND 
(drainage OR ditch OR channelization) resulted in 400 publications. Over the period examined, the 
annual number of publications increased from eight in 2000, to 52 in 2011 and 32 documents 
catalogued by the middle of 2012. This greater than six-fold increase demonstrates the increasing 
concern among researchers that our aquatic resources are imperiled by current agricultural and water 
management practices, especially if one considers that the topic only produced an annual mean of 6.4 
publications in the decade from 1989-1999. Approximately 40% of the publications originated in the 
United States, with Canada and the United Kingdom each comprising less than 8% of the total. Given 
this imbalance in research output related to the topic and inherent bias due the authors' experiences, 
the present review is somewhat biased toward North America, specifically areas of extensive row crop 
agriculture in the lowlands of the Mississippi River Basin, referred to as the Mississippi Alluvial 
Valley (MAV). 

2.1. History of Wetland and Stream Losses to Agriculture 

Agricultural drainage is associated with some of the earliest evidence of civilization. As cited by 
Beauchamp [20] and van Schilfgaarde [21], documents ditch construction in Mesopotamia as early as 
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9,000 years ago. Written evidence of the construction of drainage ditches for agriculture near the city 
of Memphis, Egypt, was recorded by Herodotus approximately 2,500 years ago [20]. Like the 
Pyramids of Giza, the drainage network at Memphis was reputedly ancient even then. Archaeological 
findings suggest that agricultural drainage may have been a common practice among early agricultural 
societies worldwide. Drainage ditches contemporaneous to the time of Herodotus discovered in the 
wetlands of Papua New Guinea have, in fact, been cited as evidence of prehistoric agriculture in the 
region [22-24], although this interpretation has been questioned [25]. 

The extent of agricultural drainage waxed and waned throughout history until technological 
advances in the 19 th and early 20 th century, including mechanization and subsurface drainage, led to a 
series of extensive drainage projects. In the MAV these projects reached truly monumental 
proportions. In southeastern Missouri alone, the Little River Drainage District, which began 
construction in 1914, moved almost 67 million cubic meters of earth, draining 176,000 hectares of land 
by its completion in 1929 (Figure 1, [20]). Following the devastating flooding of the Mississippi River 
in 1927, channelization and levee construction largely disconnected the river from its historic 
floodplain, allowing further agricultural encroachment, draining more than 20 million hectares in the 
mid- western region of the United States, which comprises a greater part of the Upper MAV [2,26]. 
Research on the impacts of extensive flood-control, channelization and ditching related to agriculture 
in the latter half of the 20 th century has sparked concerns over loss of wildlife habitat and changes in 
ecosystem functions. A recent review of the environmental impacts caused by agricultural drainage 
lists habitat loss or alteration, reduced water quality, and hydrologic alterations as the three greatest 
impacts [2]. Cumulative effects of these changes result in a pattern of increased disturbance, altered 
pathways of biogeochemical cycling, decreased habitat availability at small scales, and decreased 
habitat connectivity at larger scales [27-30]. 

The United States Environmental Protection Agency delineates between the proximate cause 
of aquatic impairment and the source of impairment. Agriculture is listed as the primary source of 
aquatic impairment for lotic systems [31], while it ranks third for open-water lentic [31] and wetlands 
systems [32]. Of the sites assessed, agriculture accounts for approximately 35% of lotic impairment, 
18% of wetland impairment and 15% of open-water lentic impairment (Table 1). Given the extent of 
agricultural drainage features on the landscape, agriculture is undoubtedly indirectly affecting the 
hydrology of receiving waters in ways that have not been adequately quantified. The specific causes 
for impairment of continental waters related to agriculture in the Unites States are sedimentation in 
freshwater wetlands and lotic systems, and excess nutrients in open-water systems. 

More generally, the impact of extensive agriculture on aquatic systems is well documented in 
several regions including Europe [33,34] and China [35,36]. Another major source of impairment, 
hypoxia related to organic enrichment, can often be traced to agricultural inputs. Agriculturally-sourced 
organic enrichment is usually caused either by manure from organic fertilizer application and intensive 
livestock production [37], or from increased atmospheric carbon fixation due to eutrophication, as 
explained below, but may also be influenced by conservation management practices [38]. The 
cumulative effects of agricultural practices along headwaters can result in severe hypoxia in marine 
systems. For example, although the profundal zones of the Black Sea are well known for chronic 
hypoxia or anoxia, the highly productive fisheries of the northwestern continental shelf were 
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decimated due to hypoxia that resulted in part from the cumulative effect of agricultural intensification 
along the tributaries of the Danube River [39]. 

Figure 1. (a) Satellite photo showing the intersection of the Mississippi Alluvial valley and 
the eastern foothills of the Ozark Mountains on the border of Missouri and Arkansas, USA. 
The Black River (1, lower left) and the Saint Francis River (2, center) both have 
headwaters lying in the Ozark foothills at the top left, as well as in Crowley's Ridge, the 
semi-forested area between the two rivers. The historic floodplains of their tributaries are 
clearly visible as non-forested pasture among the foothills. What remains of the Little 
River (3) is seen as a straight line between the Saint Francis River and the Mississippi 
River (4, bottom right corner). Much of the source water for both the Black and Saint 
Francis originates in closed canopy forest, and there is a high percentage of stream canopy 
coverage in the upland areas pastures. In contrast, the row cropping agriculture 
predominant in the lowlands creates a treeless landscape. The different colored specks are 
each individual fields bordered on at least two sides by a drainage ditch, (b) Stream 
diagram of the right half of Figure 1A, showing perennial streams between the Saint 
Francis River and the Mississippi River. The familiar dendritic and pinnate stream patterns 
at the top of the image changes to a trellis pattern of drainage ditches reflecting the change 
in topology and related increases in land use intensity. 
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Table 1. Causes and Sources of Impairment of US Waters related to agriculture and drainage modification. Adapted from EPA, 2002. See text 
in Section 2.1 for more recent rankings for streams and lakes (EPA 2009). 
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* Not listed; ** Pathogens are listed as # 2 cause and habitat alterations #3 in lotic systems; *** Excluding Great Lakes. 
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2.2. Hydrologic Alteration and Habitat Destruction and Impairment 

Major ecosystem changes accompany the conversion of land to agriculture [1]. Conversion of 
lowlands to agriculture typically begins with removal of trees and construction of ditches for water 
conveyance. Draining of wetlands for agriculture is repeatedly cited as the primary cause of wetland 
losses in a variety of different types of wetlands around the world [40-45]. There is a general 
consensus that the rate of wetland destruction in the 20 th century was unprecedented, especially in the 
United States. The area of bottomland hardwood forest in the Lower MAV, extending from extreme 
southern Illinois to the Gulf of Mexico, is currently less than one-fourth of its estimated area 
immediately following European colonization [46,47]. This decrease is almost entirely attributable to 
agricultural expansion [48]. 

Examining the entire contiguous United States, Dahl [41] estimated that half of the historical 
wetland area had been drained and primarily converted to farmland. These practices result in increased 
sediment loading to receiving waters [49], and decreased surface storage that can lead to downstream 
flooding [50]. Furthermore, these effects are compounded by flood control efforts related to stream 
leveeing and channelization [51,52]. Conversely, localized changes in hydrology resulting from 
channelization can cause desiccation of wetlands dependent upon overbank flooding [53]. 
Additionally, stream incision can lower local water tables, with a resulting loss of groundwater-fed 
wetlands and a decrease of wetland hydroperiod and inundation duration [54,55]. 

In low-lying areas amenable to extensive row-cropping, forests and perennial grasslands are 
replaced with annual crops, leaving the land unvegetated for much of the year. It is well established 
that removal of vegetation leads to erosion, particularly when followed by recurring conventional 
tillage [56-61]. Historically, even following changes in vegetative land cover, fluvial processes, along 
with establishment of aquatic or riparian vegetation, have somewhat ameliorated these impacts. 
Extensive channelization, however, has resulted in stream incision, which disconnects lotic systems 
from their floodplains, concentrating into narrow channels the energy that would be dissipated as 
sheetflow across riparian zones (Figure 2). The resulting elevated water velocity not only increases 
erosion, but also effectively prevents establishment of vegetation at the aquatic/terrestrial interface. 
Furthermore, because ditches lack the heterogeneity of riverine systems, there are few snags, point 
bars or pool-and-riffle complexes where sediment would typically accumulate in wider downstream 
reaches [62]. This lack of heterogeneity, in combination with channel instability and high levels of fine 
sediment, decreases diversity of fish [63-66] and mussels [66-69]. When combined with removal of 
perennial vegetation, areas under artificial drainage store less water, increasing flow variability and 
peak discharge [70-72]. This increased discharge leads to further channel incision, head cutting, and 
stream bank erosion via mass wasting [72-74]. Channelization of a given stream reach can thus lead to 
incision either upstream or downstream as a result of head cutting or increased peak discharge during 
storm events [75,76]. 

The cumulative geological and hydrological impacts of extensive drainage networks are difficult to 
ascertain with any level of precision, but are nevertheless substantial. Simon [77] documented 
relatively recent morphological changes in the Obion and Forked Deer Rivers in western Tennessee 
including a decrease in channel length of 44%, increased bed gradients of up to 600%, and lowering of 
channel beds by as much as five meters. These changes likely accounted for a substantial portion of the 
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estimated 1 1 million cubic meters of sediment this system delivered to the Mississippi River in the 20 
years preceding the study. The consequences of increased sediment transport, deposition, and 
suspension include increases in turbidity, respiratory and feeding impairment of aquatic fauna, and 
increased scouring of both macrophytes and the channel itself Additionally, increased sediment load is 
associated with increases in phosphorus loading, as the principal form of mineralized phosphorus, 
orthophosphate, is primarily bound to fine sediments, as opposed to being dissolved in the 
water column. 

In addition to channelization, other water management practices, such as subsurface drainage, 
change groundwater processes. Surface drainage is simply the practice of straightening or increasing 
the volume of existing channels, or creating ditches by removal of earth, and evidence for its 
implementation can be found among the earliest evidence of civilization. Subsurface drainage, 
although found in urban archeological sites, has only been applied in an extensive agricultural setting 
fairly recently. Historically, it involved placement in low areas of water-permeable clay tiles, which 
drained into subsurface pipes, which, in turn emptied into adjacent streams or ditches. More recently 
this approach has been replaced with subsurface perforated, corrugated plastic pipes, which essentially 
lower the vadose zone in a field, allowing enhanced root penetration for crops. 

Figure 2. Agricultural drainage can cause stream incision at multiple spatial scales. At left, 
the Loosahatchie River, north of Memphis, Tennessee, USA. Channelization has resulted 
in stream incision, not only of the main channel, but also of tributaries, as seen by the 
difference between the water level and top bank of the stream flowing into the main 
channel. At right is an agricultural drainage ditch near Yazoo City, Mississippi, USA. 
Although the channel is sinuous, high peak flows have resulted in bed degradation and 
mass wasting. Although this photo was taken shortly after a substantial rainfall event the 
channel holds little water. 




Subsurface drainage has several benefits over surface drainage with regard to receiving water, 
including decreased introduction of suspended sediment and the phosphorus that is often associated 
with it [59,78,79]. However, likely due to decreased potential for interaction with surface vegetation 
and with the oxidation-reduction gradients and associated microbes that are common in saturated soils, 
subsurface drainage leads to higher concentrations of nitrate as well as dissolved phosphorus in 
agricultural runoff [79-81]. These differences depend to a large degree on the depth of the vadose 
zones and soil hydraulic conductivity, as well as management practices related to fertilizer application 
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and tillage. As of 1987, it was estimated that 35% of artificially drained agricultural land in the United 
States utilized subsurface drainage [26]. This percentage has undoubtedly increased considering 
increases in crop productivity, particularly corn (Zea mays), in the past 25 years. Although a recent 
comprehensive survey is not available, estimates in the midwestern United States, where subsurface 
drainage is most intensive, estimated that as of 1998 an additional 70,000 hectares of subsurface 
drainage for agriculture was installed in the states of Ohio, Iowa, and Minnesota; whereas there was no 
net gain in the states of Illinois, Indiana, Michigan, or Missouri [82]. In contrast, a more recent 
estimate utilizing GIS analyses of soil drainage class suggested a significant increase in Illinois, 
whereas the areas of subsurface drainage Iowa and Ohio were similar to 1987 values [83]. Subsurface 
drainage is also a common practice in Europe [2,84]. Given the increased yield associate with 
subsurface drainage, it is likely to remain a fixture in landscapes of extensive agriculture, demanding 
that new approaches for nutrient interception are implemented. 

Another cause of hydrologic alteration is irrigation, either from surface or subsurface sources. 
Although the ecological impacts resulting from overconsumption of surface water are readily apparent, 
the long-term impacts of excessive groundwater removal are no less dire, and likely more difficult to 
repair. Worldwide, irrigation accounts for about 70% of freshwater withdrawal [85]. Less than half of 
this water is estimated to come from groundwater sources, but in arid areas with no history of surface 
irrigation practices, such as Australia, nearly all irrigation water is from groundwater [85]. Use of 
groundwater for irrigation is a growing practice, and at current usage rates many aquifers are not being 
managed as a renewable resource. Given uncertainties about the effects of climate change on the need 
for irrigation and on aquifer recharge, these practices are a growing concern. 

With regard to drainage practices, irrigation not only supplies ditches with runoff during dry 
periods, but can also desiccate streams by lowering the water table, decreasing base flows and resulting 
in decreased discharge and greater fluctuations in flow [54]. Although most of the research in this area 
has focused on streams in arid and semi-arid environments [85,86], the same trends have been 
observed in streams of mesic environments with porous substrata, for example karstic systems [87]. 
Factors related to stream hydrology are among the most important determinants of the resulting 
communities and can even impact riparian trees [88]. Additionally, changes to hydrology can 
subsequently affect channel morphology and other environmental parameters important to stream biota 
such as temperature and dissolved oxygen. It is uncertain how groundwater depletion would affect 
agricultural drainage ditches, but in systems with high surface-groundwater connectivity impacts are 
likely to occur. 

2. 3 Nutrient Enrichment 

In addition to land cover changes and hydrologic alterations, modern agriculture contributes to 
environmental degradation via nutrient enrichment. Anthropogenic nitrate fixation exceeds 
background fixation from natural sources [89], about 15% of which enters rivers as nitrate [90]. A 
recent review cites a number of studies in Europe that trace between approximately 35%-80% of 
riverine nitrogen load to agricultural inputs [91]. Nitrogen loading to the Gulf of Mexico via the 
Mississippi River doubled over the second half of the 20 th century [92]. Increases in riverine nutrient 
loads are not only caused by increased fertilizer application rates across the agricultural landscape, but 
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also by the hydro logic alterations of channelization that lead to increased sediment and dissolved 
nutrient loads. Due to increased discharge rates and decreased biogeochemical processing, narrow, 
incised channels tend toward higher concentrations of both dissolved and particulate -bound nutrients, 
such as orthophosphate, than streams that retain some hydrologic connection to their historic 
floodplain [93]. Phosphorus loading rates to coastal waters toward the end of the 20 th century were 
calculated to be about three times the estimated historic background rates [94]. Furthermore, as 
previously mentioned, agriculture affects subsurface hydrologic processes, which can impact chemical 
speciation, making drainage ditches a conduit for bioavailable dissolved nitrate and other soluble 
pollutants [95]. 

Nitrate concentrations of 10 mg/L (the current maximum for drinking water allowed by the US 
government) have been demonstrated to be detrimental to invertebrates, fish, and amphibians [96]. 
Reduced species of nitrogen, such as ammonia and nitrite, can be far more toxic. A large body of 
research has demonstrated toxic effects in fish [97]. Although ammonia is the predominate form of 
nitrogenous waste produced by fish, fish may actually be more susceptible to ammonia toxicity than 
invertebrates [98]. Ammonia also causes decreased fitness in amphibians [99-101]. In general, direct 
amphibian mortality occurs at concentrations that would be considered high even in an agricultural 
setting [100]. Not surprisingly, however, toxicity varies among species. Green frog tadpoles 
(Rana clamitans) exposed concentrations of nitrate 5 mg/L-20 mg/L demonstrated a significant 
increase in mortality compared to those reared at lower concentrations [101]. Even aquatic plants, such 
as rice (Oryza sativa) which would be expected to thrive under a high-nitrogen regime, can display 
toxicity under high concentrations of ionic ammonium [102]. The distinction between ammonia and 
ammonium is important, as ammonia is toxic at lower concentrations. The more toxic form, ammonia, 
predominates in water with higher pH, leading to the development of pH-dependent toxicity criteria [103]. 

The greatest impact of nutrient enrichment to aquatic ecosystems is not the direct toxicity of 
fertilizers, but the complex set of environmental responses referred to as eutrophication[104,105]. An 
understanding of the process of eutrophication relies upon first an explanation of the concept of 
limiting nutrients. In any ecosystem, organisms must concentrate some elements at proportions far 
higher than their environmental availability. For primary producers, these elements are often in the 
form of mineral nutrients; and, because the need for nitrogen and phosphorus is relatively high when 
compared to their bioavailability, they are the nutrients that most often limit the growth of autotrophs. 
In coastal or marine systems, nitrogen availability usually limits production. In freshwater systems, 
phosphorus generally limits production. While these generalizations certainly do not apply to all times 
and places, they do occur commonly enough for them to serve as the basis for understanding how 
excess nitrogen and phosphorus impact both intra-continental waters and the coastal waters 
they sustain. 

Although coastal systems have received the widest audience with regards to impacts from 
agriculture, inland waters are subjected to the most direct impacts, not only in terms of habitat loss and 
hydrologic alterations as previously discussed, but also with regard to nutrient enrichment. In general, 
nutrient enrichment has been considered a greater problem in lentic systems, such as wetlands and 
lakes, than in flowing waters [104]. However, decreased macro invertebrate biodiversity does result 
from stream nutrient enrichment, caused either by nutrient toxicity, or depressed oxygen levels 
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resulting from the increased respiratory demands of eutrophic systems [106]. For example, poor water 
quality, along with habitat alteration is among the most commonly cited causes of mussel declines [69]. 

In aquatic systems, increased sediment load increases turbidity, thus decreasing light penetration 
into the water column in two ways. First, the suspended particles can directly intercept light near the 
surface. Second, even long after settling occurs, sediment can be a source of phosphorus enrichment 
due to dissociation during periods of anoxia, a process referred to as "internal loading" [107], leading 
to repeated cycles of phytoplankton blooms that are essentially indefinite. In systems that are 
historically mesotrophic or oligotrophic, the increased productivity near the surface of the water 
compresses the photic zone toward the surface, essentially extinguishing deep water submergent plants 
and benthic algae, as well as depressing recruitment of new littoral emergents. As these plants 
comprise a key structural component in the water column of many aquatic environments, their loss has 
a profound effect on the resulting invertebrate assemblages [108]. The majority of the research 
examining these eutrophication-related effects was conducted in lakes, but similar changes have been 
observed in experimental ditches with a static water level [109]. Even in the case of wetlands 
dominated by dense stands of emergent plants, changes in vegetation can result from differing 
competitive ability at higher nutrient concentrations. For example, along with hydrologic changes, 
eutrophication is a major factor in the current shift from sawgrass (Cladium jamaicense) dominated 
marshes to cattail (Juncus domingensis) dominated marshes in the Florida Everglades [110, 111]. 

Because eutrophication decreases the depth at which photosynthesis can occur, and increases 
ecosystem respiratory demands, it tends to cause periods of low oxygen availability, or hypoxia. Diaz [112] 
defines hypoxia as dissolved oxygen concentrations equal to or less than 2 ppm, as at these levels of 
dissolved oxygen only specialized organisms can thrive. In other words, at these levels, oxygen often 
becomes the factor that limits biodiversity, if not productivity, of an aquatic system. In the photic zone 
of the water column, photosynthetic creation of oxygen predominates during the day, while respiratory 
oxygen uptake predominates at night. At increasing depths, photosynthetic oxygen production 
declines, a trend that is amplified as eutrophic conditions increase phytoplankton densities, thus 
leading to greater light absorption near the surface. Eutrophication not only compresses the photic 
zone, causing a decrease in the potential for deep-water oxygen production, but by increasing organic 
carbon deposition to the benthos it causes a corresponding increase of oxygen use by benthic 
decomposers. This combination of increased respiratory demand and decreased oxygen production 
results in hypoxic conditions that are seasonal, rather than diel. Although seasonal oxygen depletion is 
a natural feature common to continental shelf ecosystems, temperate lakes, and wetlands, 
anthropogenic eutrophication has resulted in a significant increase in the size, duration, and magnitude 
of these events [113]. 

In aquaculture, it is a common practice to add nutrient amendments to increase yield. Similarly, 
research has demonstrated a linkage between nitrogen loading into coastal systems and total yield of 
their fisheries, particularly with regard to pelagic fish [1 14]. The strength of this relationship, however, 
has been called into question, as the increases in primary productivity resulting from nutrient 
enrichment have not been demonstrated to increase the biomass of higher trophic levels [115]. More 
recent research suggests that much of the increase in productivity actually yields biomass that is 
inedible or unavailable to primary consumers, and is cycled through microbial processes, rather than 
contributing to production in higher trophic levels [116]. One striking example is the explosive blooms 
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of toxic dino flagellates in response to eutrophication, leading to the well-known "red tides" that have 
long been associated with mass fish kills [117]. Both coastal and continental systems may be affected 
by many forms of toxic phytoplankton, including cyanobacteria, some of which can actually 
exacerbate eutrophication via fixation of atmospheric nitrogen [117]. 

Eutrophication is one of the primary causes of degradation of coastal ecosystems [118,119], and 
agriculture is the primary culprit implicated in hypoxic zone development in a wide array of coastal 
ecosystems, including the northern Gulf of Mexico, the Northern Adriatic Sea, the Kattegat, the Baltic 
Sea, and the northwestern continental shelf of the Black Sea, among others [1 12,1 13]. In the Kattegat, 
between Sweden and Denmark, the result has been a precipitous decline in stocks of the Norway 
lobster and Atlantic cod [120]. In the both the Baltic Sea and the Black Sea, the impacts on fisheries 
have been profound, leading to nearly a 75% decrease in the species available for commercial fisheries 
on the northwestern continental shelf of the Black Sea and a general ecosystem-level change in the 
Baltic Sea fisheries [121,122] . Although a general increase in the extent of the hypoxic zone in the 
Gulf of Mexico has been recorded [4], there has been less consensus on the resulting effects on 
fisheries [112]. A number of recent studies have documented changes in fisheries in the northern Gulf 
of Mexico, including a shift in predominance from demersal to pelagic fisheries, which may have 
economic impacts on brown shrimp (Farfantepenaeus axtecus) and Atlantic croaker (Micropagonias 
undulatus) fisheries [123-125]. 

3. Ecological Restoration 

As more evidence of the impacts of agricultural drainage is documented there is growing concern 
among the general public, prompting government involvement in the management of privately owned 
lands. Agricultural management practices that focus on conservation are becoming widely accepted, 
including long-term easements that remove marginal land from production. Specific practices for water 
quality improvement are being implemented and researched in North America, Australia and Europe. 
A variety of government conservation programs involve practices meant to address impacts at multiple 
spatial scales, but are generally motivated from the perspective of receiving waters, rather than local 
impacts. The Gulf of Mexico Action Plan [126], for example, called for a reduction of the Gulf of 
Mexico hypoxic zone to a mean extent of 5,000 km by 2015 [127]. To implement this target, the 
action plan and task force recommended in 2001, that a 30% reduction of total nitrogen was needed. A 
revision to the 2001 action plan [128], based on model predictions has elevated nutrient loading 
reduction targets for both nitrogen and phosphorus to 45%. Decreasing nutrient loads and 
concentrations leaving farms not only has effects on coastal ecosystems, but also on continental 
aquatic systems including lakes, rivers, and wetlands. 

3.1. Wetland Restoration 

Because a large portion of current lowland agriculture is located on former wetlands, one approach 
toward improving water quality and increasing biodiversity is reconversion or restoration of marginal 
agricultural land back to historical wetland types. This approach is attractive, as a large body of 
evidence exists demonstrating the importance of wetlands for wildlife, flood control, and remediation 
of non-point source pollution, particularly with regard to nitrogen removal [129-131]. Brinson and 
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Eckles [14] recently summarized one of the first broad-scale reviews of federally supported wetland 
restoration programs in the United States, observing that, from a qualitative perspective these programs 
have had a positive environmental impact, but the degree of these impacts varies by region and 
by program. 

Wetland restoration of agricultural land is most likely to occur in areas of marginal productivity 
where even extensive drainage efforts have been ineffective. However, the current rate of restoration 
cannot continue without expanding into high-production agricultural land in the coming decades. 
Additionally, restoration efforts too often suffer from flaws in assumptions and applications [132]. 
Thus the success of wetland restoration has been inconsistent, and even after decades of naturalization, 
restored wetlands generally do not compare favorably with reference wetlands in terms of 
biogeochemistry or biodiversity [133]. This disparity is especially strong in areas where the landscape 
has undergone extensive hydrological alterations that disconnect streams from the surrounding 
landscape, which may preclude restoration attempts to recreate historical conditions [14,134,135]. 

In those low-lying areas that do intercept agricultural runoff, any restored wetlands would be 
subjected to the same non-point source pollutants that contribute to wetland functional impairment. 
Finally, the creation of large wetlands in predominantly agricultural landscapes can have unforeseen 
outcomes with respect to wildlife-mediated impacts on nutrient cycling. Benthic fish, for example, can 
resuspend phosphorus-laden sediments in shallow lentic systems, leading to increased internal 
phosphorus loading [136]. Geese, which congregate in the tens of thousands in wetland-agriculture 
mosaics, can mobilize terrestrial nutrients, thus increasing aquatic loading rates, or directly deposit 
fecal material into wetlands [137,138]. With respect to these many difficulties associated with 
agricultural wetlands, we contend that their function as biodiversity hotspots and "kidneys of the 
landscape" will be limited unless they are integrated into a comprehensive plan including conservation 
agriculture and the management of artificial or channelized low-order agricultural streams {i.e., 
drainage ditches (Figure 3)). 

3.2. Riparian Buffers 

A number of conservation-oriented land management practices, such as cover cropping and 
conservation tillage, have been implemented in areas of extensive agriculture and have been 
demonstrated to improve local water quality [139]. Other practices, including frequency of crop 
rotations [140], organic farming [141], and pesticide application [142] have a wide range of effects on 
the ecosystem functioning of agricultural headwaters, including ditches. The overall impact of many 
popular and generally effective practices, however, can be relatively less important on habitat quality 
and non-point source pollution transport than in-channel conditions [139,143,144]. Because the area of 
land immediately adjacent to a stream or ditch, the riparian zone, has such a great influence over 
stream functioning though, its management merits discussion. 

Riparian buffer strips can be an effective method against some types of nonpoint source pollution 
entering aquatic systems, especially along low-order agricultural streams in areas with little 
topographic relief, and buffers can also be important as corridors for terrestrial animals [145-147]. 
Although grass buffer strips as narrow as five to ten meters are effective for removal of 
sediment -bound nutrients in surface flow effluent [148-150], when used in isolation of other 
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conservation practices their overall impact on water quality may be limited [144]. Because herbaceous 
buffer strips result in localized sedimentation, they tend to accrete sediment over time, resulting in 
berms that concentrate the flow path of runoff into shallow, naturally forming channels [151]. This 
issue has led to modifications of buffer designs, including substantively different approaches such as 
grass swales described below in Section 4 Instream Drainage Management. 

Figure 3. (a) Schematic of a standard agricultural drainage system representing 
approximately one hectare. Primary streams {i.e. - edge of field ditches) are cropped to the 
edge or bordered by grass buffer strips. Higher order streams may have riparian trees, 
depending upon climate and agricultural management. The system is designed solely to 
convey water, (b) The same drainage following extensive restoration. Wetland and stream 
restoration in systems impacted by agriculture strategically put effort into restoring 
wetlands in areas that are marginal for agriculture and into increasing sinuosity and 
floodplain width in second and third order streams. Management practices range from 
simply ceasing agriculture in flood-prone areas to planting and promoting desired plant 
species using prescribed floods and drawdowns. Extensive earthmoving is often a 
prerequisite if the streams are disconnected from their floodplains or for the intensive water 
level management recommended for wildlife habitat. Often, even highly engineered 
restoration projects meet with only moderate success due to infrequent hydrologic 
connectivity or geomorphic instability caused by high discharge events. Although a large 
area is incorporated into the restoration plan, several kilometers of stream reach is 
upstream of the restoration influences. 




Such modifications include not only changes in hydrologic design, but also ecological restoration 
approaches that increase the diversity and structural complexity of these vegetated buffers by creating 
multiple zones of vegetation [6,146,152-154] . The general consensus is that zoned buffers are more 
effective buffers, because different types of vegetation have different mechanisms for improving water 
quality. Riparian hedgerows, for example, by excluding livestock from streams, can improve water 
quality [155]. Given the large volume of research demonstrating the impact of riparian trees on 
nutrient cycling and loading into streams, tree buffers are likely to have long-term benefits for water 
quality and habitat in many agricultural streams. Trees can draw nutrients from deep below the soil 
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surface unavailable to many mesic forbs and grasses, thus sequestering nutrients from subsurface flows 
and enhancing denitrification of soil water and stream sediments [57,156-158]. Although such studies 
are often cited as justification for using trees in agricultural buffers, others have found no differences 
among vegetation types [159] or greater nitrogen retention in grass buffers [160]. 

Buffers including trees are advocated both for acting as corridors linking terrestrial habitats, as well 
as themselves serving as habitat [147]. Likewise, riparian afforestation of agricultural headwaters is 
often recommended for aquatic habitat improvement of degraded agricultural streams; however, recent 
research has suggested that for long-term enhancement of aquatic habitat, resources would be better 
utilized by investing in improving riparian areas in existing downstream floodplains [16]. In addition 
to providing structure and carbon inputs, during the growing season deciduous trees shade the water, 
lowering temperatures and decreasing nuisance macrophytes [161]. Streams with forested riparian 
zones often have greater productivity and diversity of aquatic macro invertebrates and understory 
plants [158,162,163]. These same properties, however, can greatly impact stream morphology and 
ecological functioning. Studies finding improved habitat and nutrient cycling associated with forested 
riparian zones should be viewed with two caveats. The first caveat is that these studies are usually 
carried out in areas with a well-developed canopy and understory, which can take several years to 
develop. The second caveat is that some of the instream benefits associated with closed canopy 
streams are measured over the length of the stream, rather than the area of the stream [158]. The first 
point is important with regard to creation of buffer zones, in that any improvements in habitat or 
nutrient reductions provided by planting trees may take several years to develop. The second point is 
important because forested streams are generally shallower and wider than their counterparts in open 
fields [154,158]. The implication is that some degree of the differences observed between these two 
types of system result indirectly from the effects of vegetation on stream morphology, as opposed 
pathways related more directly to nutrient cycling. 

3.3. Limitations to Restoration of Agricultural Headwaters 

The impacts of agricultural drainage practices are extensive. As such, proposed mitigation 
responses involve addressing impacts hierarchically, integrating spatial scales ranging from a single 
field to major river basins that drain large portions of entire continents [10,12]. However, lowland 
headwaters merit special attention with regard for their potential for remediation for a number of 
reasons. Perhaps the most straightforward reasons are that headwaters comprise the greatest proportion 
of stream reach [164] and have been most severely altered. In the midwestern United States, for 
example, headwaters of the Mississippi River System that were formerly fed by small ephemeral 
wetlands are now fed primarily by artificial drainage systems that utilize subsurface piping [2]. Farther 
south, in western Tennessee and northwestern Mississippi, practically all of the lowland headwaters 
are artificial ditches or completely channelized streams [165]. Small-scale drainage projects were more 
readily capitalized upon by individual landowners and small consortiums than were extensive 
flood-control efforts, due to the general tractability of smaller projects, both in terms of construction 
and politics. It is reasonable to assume that small-scale restoration projects in headwater streams are 
likewise more tractable, especially with regard to determining their effectiveness through replicated 
experimental studies, as described by Smiley et al. [166]. In larger streams and rivers such replication 
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is impractical or impossible [139,167]. Additionally, although pollutants in agricultural runoff are 
considered "non-point source," the general locality of inputs can be determined, allowing more 
precision, and thus efficiency, in placement of mitigation practices [14,168]. 

There are other reasons related to the inherent physical and ecological processes of aquatic systems 
that make lower order systems an appealing focus for mitigating pollutants. Because of their higher 
surface area : volume ratios and higher retention time relative to total discharge, smaller streams and 
ditches would be expected to have a relatively greater capacity for biogeochemical processing of 
nutrients than high order streams [17]. This supposition is supported by research demonstrating that 
nitrogen losses in the Mississippi River system are inversely related to channel size, indicating 
increased capacity for nitrogen removal in smaller streams [169]. Under current drainage practices, a 
large degree of this capacity for nutrient remediation may be unrealized due to design and management 
focused solely on water conveyance. Because net pollutant flow in lotic systems is unidirectional, 
practices focusing on higher order streams essentially ignore the potential habitat value of upstream 
tributaries. Additionally, in higher order streams, anthropogenic factors originating upstream can be 
more important than local conditions in determining the health of riverine habitats and water quality [170]. 

When examining a drainage basin as a continuum from receiving water bodies to headwaters, in 
agricultural systems there is inevitably a point at which the system is not simply altered, but 
fundamentally different from its historical state in terms of hydrology, morphology, and ecology. 
Hydrologic alterations and related changes in channel morphology include the trend toward increased 
channelization of flow from systems that were historically sheetflow wetlands or highly sinuous 
streams. The concept of a transition from allochthonous carbon inputs to autochthonous carbon 
production as wider streams become less influenced by riparian canopy, which was codified as the 
"river continuum concept" by Vannote et al. [171], does not apply to systems fed by artificial 
drainages subset in, or at the edge of agricultural fields. Even in former prairie land where canopy 
played a less important role in the biogeochemistry and ecology of headwaters, drainage impacts on 
hydrology mean that former spring-fed streams are now fed by the aforementioned subsurface drainage 
pipes. Because the character of a stream is directly influenced by the adjacent landscape, and because 
trends in restoration are moving toward more naturalistic approaches, we will revisit the topic of 
woody riparian buffers. 

From the standpoint of stream restoration, riparian afforestation does not accurately reproduce 
historic conditions of many headwater stream reaches in agricultural areas, such as large portions of 
the Interior Plains of North America [149]. Such plantings can interfere with the functioning of 
subsurface drainage, which they are unlikely to effectively intercept [146]. Arango and Tank [172] 
found that riparian buffers had no effect on stream nitrate concentration during the growing season in 
areas under subsurface drainage. Even in areas such as the southeastern United States, where the 
diversity of headwater fisheries are highly dependent upon the input of woody debris [173], there are 
potential costs that in many cases may outweigh the benefits of riparian trees. 

One potential problem of riparian reforestation within an agricultural matrix relates to the issue of 
stream incision versus steam widening. Open, low-order streams with high light infiltration tend to 
have comparatively stable banks as a result of vegetative ground cover [149]. Although tree cover has 
been correlated with increased understory diversity in buffers [162], the vegetation would likely be 
sparser and clumped. Over several years the result is that gullies can develop along the top bank, not 
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only negating buffer effectiveness, but also enhancing bank erosion, widening the stream and infilling 
the main channel [149,154] (see [6]for opposing view). Because such streams tend to flood regularly, 
there are practical concerns related to their impact on agricultural productivity. A more immediate 
issue is the depression of macrophyte productivity [6,161,174,175]. The short-term effect of 
macrophyte shading on nutrients varies depending upon location and the nutrients of interest [174-176]; 
however in systems with soft substratum, the resulting decreases in macrophyte cover may initially be 
associated with higher rates of in-channel erosion [177]. 

Other potential costs of tree buffers are related to agricultural management. Buffers including trees 
are wider than other buffers, withdraw more water, and may shade field margins. The input of woody 
debris into streams is a good thing from an ecological viewpoint, but the resulting flow constrictions 
may be difficult to remove if trees or shrubs block stream access for machinery. The height of buffers 
within fields may be limited by center-pivot irrigation, a growing practice throughout the United States 
of America. Tree buffers are recommended for decreasing by-spray into aquatic environments [178], 
but adoption of this practice may be limited by the prevalence of aerial herbicide application in some 
areas, due to herbicides affecting tree establishment, or the presence of standing trees limiting 
accessibility to crop dusters. Although such considerations are rarely taken into account in scientific 
articles promoting riparian forestation, they are almost certainly important for those responsible for 
managing farms. A survey of farmers in Michigan, USA, found that they significantly preferred grass 
buffers over hedge or woody buffers, and nearly twice as many actually implemented grass buffers as 
tree buffers [179]. 

Other limitations are related to how the landscape impacts channel morphology. Attempts at 
rehabilitating ecological functions of drainage ditches must consider three related traits linked to 
channel morphology: gradient, substratum, and hydrology. Gradient and substratum are less subject to 
small-scale manipulation than hydrology, though no less important with regard to their impact on 
outcomes. In areas of essentially zero gradient, hydrology may be less dynamic than in low-relief ridge 
and swale landscapes. In areas like the Netherlands or Florida, ditches generally have consistent flow 
year round [180,181]. In contrast, in areas with even slight elevation gradients, such as the 
"Mississippi Delta" region of the United States, ditches experience drastic changes in hydrology, both 
seasonally and in response to precipitation events. Although channelization has been implicated as a 
factor in increased hydrologic variability, both comparative studies and conceptual models have also 
demonstrated the opposite trend [76,182,183]. There are a number of potential factors that may explain 
why channels that have been altered to convey water have more persistent flow compared to 
unchannelized streams or stream reaches. 

Channelization of rural headwaters is usually limited to flatter landscapes, indicating that some 
differences in flow persistence may primarily result from higher stream gradients or greater watershed 
relief in unchannelized streams (Figure 1). Often riparian tree removal proceeds channelization. 
Because trees have deeper roots and higher canopy transpiration rates than other riparian plants, they 
can lower subsurface water tables [184], subsequently decreasing stream flow [185]. Perhaps the most 
likely explanation in areas with a high water table is that when the channel is entrenched it intercepts 
the more stable groundwater reserves [183]. This connection between surface and groundwater, 
referred to as hyporheic exchange, is an important, and often overlooked aspect of the chemistry and 
ecology of surface waters. 
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Restoration of hydrologic conditions prevalent in unchannelized headwater streams is not a likely 
outcome for ditches draining land in agricultural production for two related reasons. First, 
unchannelized headwater streams are characterized by frequent overbank flooding in response to 
precipitation [76,182], which would have obvious implications on crop yield. Second, in comparison to 
channelized streams, unchannelized headwater streams in lowlands are also characterized by 
comparatively greater sinuosity resulting from stream meandering across the floodplain. It is unclear 
how such natural sinuosity could be reestablished within a reasonable timeframe, especially for incised 
streams wherein the historic floodplain has been converted to agricultural production. In any case, such 
efforts would require significant monetary investment and would remove large amounts of land from 
agricultural production 

4. Instream Drainage Management 

Generally, instream nutrient removal on non-point source pollutants is low, especially for dissolved 
nutrients, such as nitrate. Reviews on nitrate removal estimate about 5% losses due to denitrification in 
any given reach of an agricultural headwater stream [13,91]. Although these rates usually increase with 
increasing nitrate concentration, such increases plateau well below concentrations typical for drainage 
ditches [13,186,187]. This plateau effect has led some researchers to view riparian buffers as the last 
bastion against enrichment from nitrogen fertilizers [188]. 

When viewed from a the perspective of potential removal of multiple types of non-point source 
pollution from agriculture, however, instream approaches to decreasing downstream impacts, show a 
great deal of promise. Consider, for example, that the majority of suspended sediment in many lowland 
agricultural headwaters originates from channel and bank erosion [139], and that instream practices 
intercept non-particulate bound nutrients whether they are conveyed by subsurface drainage systems or 
surface runoff. 

In light of widespread acceptance that primary and secondary agricultural drainage systems show 
potential for mitigating the very impacts they cause, a new emphasis on alternative drainage 
management and design is arising for remediating local and downstream impacts. Two approaches that 
intercept the concentrated flow paths of water and that have been demonstrated to decrease non-point 
source pollution or provide aquatic habitat are swales vegetated with either upland or wetland grasses [189] 
and drop pipes in eroded gullies [190-192]. Off-season flooding of agricultural fields via controlled 
drainage using flashboard risers has long been used to attract waterfowl, and may stabilize hydrology 
and improve water quality in headwaters, at least during times when the land is not in agricultural 
production [193]. A similar structure used passively that intercepts runoff in concentrated flow paths is 
a slotted pipe, simple a standard drainpipe with the bottom of the inflow blocked to stop bedflow of 
unconsolidated sediment. 

Similar practices are being developed for incised ditches that experience more regular patterns of 
inundation and flow. There are a variety of specific instream practices used for stream restoration that 
may be applied to or modified for use in drainage ditches (Figure 4). Such practices can be broadly 
categorized by two basic approaches: creating small instream wetlands or pools using flow impediment 
structures or altering flow to "naturalize" the streams via miniature inset flood plains. While both 
approaches seek to increase hydrologic and geomorphic stability of the system, they differ in that 
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stream-type systems rely upon regular discharge creating fluvial processes for "self-cleaning" and 
re-deposition of sediment, while wetland-type systems rely upon periods of low discharge for the 
settling of sediment as a result of decreased water velocity. Both approaches rely upon the 
establishment of wetland or aquatic macrophytes as integral components to increase system stability 
and decrease non-point source pollution. 

Figure 4. Structures used for stream restoration. A. A small log vane is used to stabilize the 
bank immediately upstream of a small constructed riffle. B. Cross-vanes are used for bed 
stabilization. Newly planted willow stakes line the bank and constructed mini-floodplain. 
C. Cross-vanes and established willow stakes. D. Root-wads, constructed riffles, and 
artificial meanders. 




4.1. Two-stage Ditches 

Hydrology is probably the most important factor in determining both nutrient transport and 
macrophyte composition, and should be the determining factor in whether a fluvial or wetland 
approach is used in a given reach. In ditches with extensive hyporheic inputs or perennial flows, a 
design stemming from Rosgen stream restoration methods [194], such as a two-stage design ditch, is 
one alternative. Proponents of this design offer it as a practical compromise that imparts some of the 
physical characteristics of streams to drainage ditches without compromising their function as water 
conveyances [195,196]. These systems are comprised of a small low-flow channel inset within a 
wide-profile flood channel. The inset channel forms natural meanders, which balance processes of 
erosion and sedimentation; whereas the large channel effectively conveys floodwaters without leading 
to bank sloughing. Additionally, during periods of high water when the majority of nutrient transport 
occurs [187,197,198], the "instream benches" that are essentially a miniature vegetated floodplain, 
would be expected to improve water quality in the same way as buffer strips or grass swales. Because 
the effectiveness of buffers is limited by their degree of connectivity to the aquatic environment [153], 
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these vegetated benches, essentially acting as saturated buffers would actually be expected to function 
more efficiently than many traditional buffers. 

Although still a matter of some debate, there is documentation that supports improved nutrient 
reductions in two-stage ditches, including peer-reviewed research [199-201]. Over time, fluvial 
processes tend to stabilize channel integrity [77], and channelized ditches and streams can naturally 
develop two-stage morphology [196,202]. Sediment collected from naturally-formed benches 
exhibited twice the denitrification rates of sediment from the slopes of standard trapezoidal ditches 
whether incubated under ambient nitrate concentrations or concentrations of 100 mg/L [199]. This 
enhanced rate of denitrification likely results from higher organic matter in benches, as organic 
amendments increased denitrification in sediments from slopes of trapezoidal ditches, but not 
two-stage benches. 

Higher denitrification rates were also reported on benches of recently constructed two-stage ditches, 
which resulted in a 6%-9% decrease in nitrate export during storm flows [200]. One important aspect 
of this study is that during the year of higher precipitation instream denitrification was lower, whereas 
bench denitrification was almost double during the wetter year (6.1 mg N m~ 2 h _1 vs. 3.1 mg N m~ 2 h _1 ). 
These values fall in the 50 th percentile when compared with ranges estimated for surface-flow 
constructed wetlands [131] and exceeded instream rates, removing a conservatively estimated 89 kg N yr -1 
over a 0.6 km reach. During periods of inundation, rates can be substantially higher, as the top 10 cm 
of bench sediment removed between 1 .94 kg N d -3.98 kg N d over a one kilometer reach in contrast to 1 .05 
kgN d -1 removed by the top 20 cm of channel sediment [201]. 

Other research not yet subjected to extensive peer review reports even higher values. D'Ambrosio 
et al. [203] found nitrate removal rates on benches to be from 2-14 times the rates of channel removal, 
with rates exceeding 6 kg N d^km 1 . Whereas over the course of 10 days, Kramer [204] observed a 
14.3% decrease in nitrate load in a 1.9 km reach of a recently constructed two-stage ditch receiving 
about 750 kg N d -1 , although limited data on the influence of tributaries implies the potential for a high 
degree of error. The basic two-stage design could be further modified for improved subsurface 
drainage interception by including miniature versions of riparian wetlands, such as the "horseshoe 
wetlands" described by Vought and Lacoursiere [84]. The presence of wetland plants during 
inundation of benches in two-stage ditches led to increased rates of denitrification [201]. 

Because of low aquatic biodiversity in traditionally designed ditches, the two-stage design has been 
advocated for improving habitat. The actual effectiveness of the two-stage design for local habitat 
restoration is still only hypothetical. A study of 33 sites in agricultural headwater streams found 
differences in community composition related to instream benches, but no relationship to measures of 
biotic integrity of invertebrate or fish assemblages [205]. It is important to note that there was also no 
difference found between agricultural drainages and reference streams. Although the overall body of 
research on two-stage ditches is limited, currently there are no known substantiated detrimental effects 
with regard to hydrology, biogeochemistry or ecology. 

Low-flow velocities can be higher in the somewhat constricted inset channels when compared to 
wider trapezoidal ditches. The decreased retention time and flushing of fine particulates may result in 
higher nutrient and sediment export during periods of base flow. Conversely, it has been suggested that 
the increased stability of two-stage ditches would likely decrease phosphorus transport during high 
flows [206], but research is lacking. Although the two-stage design potentially removes a small 
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amount of land from production by widening drainage pathways, the area is comparable to or less than 
that recommended for buffer strips. The main drawback to this approach is initial cost, as it requires 
some degree of engineering expertise and a great deal of precision earth-work. Increased stability, 
however, has been purported to make the two-stage design a better long-term investment than standard 
configurations [196]. Another potential problem is structural failure due to poor vegetation 
establishment or extreme peak discharge. Generally these systems have been applied in areas with 
subsurface drainage, which somewhat dampens storm peak discharge. In areas of extensive surface 
drainage, the intermittent or ephemeral ditches that feed two-stage systems may require further 
modifications that decrease velocity and sediment load, especially during vegetation establishment. 

These modifications are essential upstream of deeply incised streams, because rehabilitation of 
incised streams is often set back by hydrology-dominated geomorphic processes. For instance in a 2 nd 
order stream rehabilitation study by Shields et al. [207], establishment of vegetation and embankment 
structures were ineffective for long term channel stabilization, due to high in-channel discharge. 
Although this failure may have been due in part to sharp elevation gradients between the primary and 
secondary streams in the study, the same processes may apply to low-gradient agricultural land. 
Extensive agricultural drainage, especially surface drainage, can lead to high peak discharge rates in 
receiving waters [54]. In areas of with a high density of ditches, increasing surface water storage via 
controlled drainage structures could have beneficial impacts downstream, by decreasing peak 
discharge. Additionally, these structures can be strategically placed around knick -points to decrease 
head-cutting and sediment loading. 

4.2. Controlled Drainage 

As opposed to approaches emulating lowland riverine systems, controlled drainage management is 
a management strategy whereby hydrological residence time is increased within the drainage path via 
impedance structures [208,209]. Originally "controlled drainage" was used to describe structures that 
intercepted subsurface drains such as riser pipes or flashboard risers [208]. The same or similar 
drainage control structures have also been implemented for surface flows (Figure 5, [198]). They can 
be situated at confluences in the flow-path, as slotted, drop or riser pipes or can be spatially gradated 
along the length of the ditch at intervals based upon slope and discharge as are grade -control structures [210]. 
All these structures work on the principle that increased hydrological residence and decreased peak 
flow velocities resulting from either impeding flow or capturing water volume will increase contact 
time of the water column with sediment substrate and vegetation [209]. This increased contact time 
improves opportunities for plant nutrient assimilation, microbial degradation of pesticides, 
hyperaccumulation of heavy metals and biogeochemical adsorption and precipitation of compounds 
with the sediment [211-213]. The actual removal rates for nutrients vary greatly among studies (Table 2). 
Other research has focused on using filters or mineral additives to immobilize specific nutrients [214,215]. 
Logistically and economically, there are a number of potential complications that may limit 
widespread adoption of these approaches; however, in systems with exceedingly high nutrient 
concentrations, such as those draining concentrated animal feeding operations, other methods may 
prove insufficient. 
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Figure 5. Various water control structures. Far left, downstream (top) and upstream (bottom) 
of a weir integrated into a ditch crossing on a farm on the Delmarva Peninsula, Maryland, 
USA (photos courtesy Dr. Tom Fisher). Top center, prefabricated slotted concrete weir in an 
experimental ditch system located on the campus of Arkansas State University. Top right, 
Flashboard riser with pipe draining into intermittent stream. Like the slotted concrete weir, 
boards can be added or removed to adjust the level of water retention. Although this structure 
is technically not located in a stream, it functions similarly in that it intercepts water in a 
channelized flow-path as opposed to sheetflow. Bottom right, demonstration ditch located 
near Yazoo City, Mississippi, USA. The terraces on the far bank are representative of a 
modified two-stage design, with the lower terrace being inundated during floods. This picture 
was taken during the rainy season. A smaller inset channel is not visible due to water depth. 
During the dry season the ditch is a series of shallow pools due to the presence of low-grade 
weir constructed of an earthen berms armored with rip-rap. 




Another important consideration is the effect of increasing structural complexity on surface water 
infiltration into the substratum. Areas of exchange between surface and subsurface waters, referred to as 
hyporheic zones, exhibit strong physical and chemical gradients. These gradients create biogeochemical 
"hotspots" for nutrient processing. In naturally meandering streams, horizontal hyporheic flows can 
occur in via downwelling porous substrata at bars and riffles [216,217]. When a stream reach is 
straightened, entrenched, and cleared of debris, these horizontal flows can be lost [217-219]. The result 
is that hyporheic processes depend primarily upon the hydraulic connectivity of the stream to 
groundwater, which is highly dependent upon substratum permeability [220,221]. Structures placed in 
the channel to impede surface flow for stream restoration can increase hyporheic exchange [222-224]. 
This increased exchange may or may not lead to elevated nitrogen in groundwater [225,226], but does 
tend to increase biogeochemical processing and alter surface water chemistry [227-229]. Impacts on 
nutrient reductions, specifically nitrate, are uncertain and likely depend upon organic carbon availability 
in the substrate as well as hydraulic conductivity [227]. Using impediment structures promote subsurface 
flows through organic materials have been demonstrated as a highly effective method for nitrate removal 
in drainage ditches [230]. 
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Table 2. Decreases in nutrient loads using drainage management structures. 



Location and 
basin or plot size 


System type 


Structure 


*Nutrient Elemental 
Concentration (mg/L) 


*Load 

ii u -i ~1\ 

(kg ha yr ) 


**% load 
Decrease 


Reference 


Duration 


Ontario, Canada; 
3.5 ha basin 


corn/soybean 
subsurface drainage 


Riser pipes at 25 & 50 
cm above free flow 


Nitrate 


>8-16 


>0.8 


62%-95% 


[231] 


2 years 


North Carolina, 
USA; each plot 
3-16 ha 


Corn subsurface 
drainage 


Flashboard riser 
-30-50 cm from soil 
surface 


Nitrate 


>2— 17 (upper 
ranee) 


>25-40 


50%-85% 


[232] 


3 years 


North Carolina, 
USA; multiple 
studies 


surface drainage 


Controlled drainage 


TN 




>14 kg/ha" 1 


45%** 


[233,234] 




TP 


>.05 kg/ha" 1 


42%** 


subsurface drainage 


Controlled drainage 


TN 




>31 kg/ha" 1 


44%** 




TP 


>0.2 kg/ha" 1 


20%** 


Chesapeake Bay, 
USA.; 80-90 ha 
basin 


l'-2' lowland 
suburban streams 


Step-pools and riffles 


TN 


0.6-2.5 


at low flow: 
0.6 kg m 1 yr 


At low flow: 

23% 


[228] 


3 years 


Arkansas, USA; 
35 ha basin 
(simulation) 


Experimental 
vegetated surface 
drainages 60 m length 


"rice spill" weirs 


TIP 


10 


0.02 kg m" 1 


86% 


***[235] 


7 dfiv*; Y 9 
trials 


Nitrate 


2-15 


0.4-0.6 kg m" 1 


97% 


Open flow Riser pipes 


TIP 


10 


0.02 kg m" 1 


88% 


Nitrate 


2-15 


0.4-0.6 kg m" 1 


79% 


Low-grade weirs 


Nitrate 


3-4 


>y.l Kg m yr- 


700/ 
/y /o 


[Zib\ 


8 hours 


Southwest Sweden; 
Each plot 0.2 ha 


Subsurface, 
experimental plots of 
potatoes 


enclosed riser pipes, ~ 
90-130 cm above free 
flow 


TP 




>0.028 


58-85%** 


[209] 


22 months 


Nitrate 


>1 1-19 


>30-38 


78-94%** 


Controlled drainage 
20-70 cm below 
surface 


TP 


>0.02 


>0.026-0.138 


56-95%** 


[237] 


4 years 


Nitrate 


> 9-10 


>26-37 


69%-94%** 



Biology 2012, 1 



817 



Table 2. Cont. 



Location and 

n till n /it" n l<\^ niriA 

uasin or pioi size 


System type 


Structure 


*Nutrient Elemental 
Concentration (mg/L) 


*Load 
(Kg na yr ) 


**% load 
uecrease 


Reference 


Duration 


Northeast Italy; 
u.uui na piors 


Subsurface, 
experimental plots of 
beets, maize, or 
wetland plants 


Controlled drainage 
0-60 cm from surface 


Nitrate 


>8-77 (upper 
range) 


3-1 1.8 gm" 2 


46%-63%** 


[225] 


31 months 


wetland 


96%** 


Ontario, Canada; 
1.9 ha plots 


Subsurface, maize 


Riser <60cm from 
surface 


Nitrate 


>19.2 


58 


46%** 


[238] 


1 year 


Ontario, Canada; 
4 ha plots 


oUusunace, soyoeans 


INNOTAG controlled 
urainage unus ^od cm 
from surface 


Nitrate 


12-15 


■>1 (\ Q 


1/10/ 7^0/ 
it /o— Lj /o 


[zjyj 


7 ~\ re* ore 

z years 


Ontario, Canada 
0.1 ha plots 


Subsurface 
corn/soyb ean 


Riser 30cm above free 
flow 


Nitrate 


>4-8 


>1.7-19 


31o/ 0 _44o /o 


[240] 


4 years 


Subsurface + 
subirrigation, 
corn/soybean 


(.70/ f, AO/ 
DZ /o— 00 /o 


Lithuania; 4.9 and 
5.4 ha plots 


OUUoLil laLt, Ual IC^, 

winter wheat, summer 
wheat, rape 


Riser 68cm above free 
flow 


Nitrate 


5-25 (total 
range) 


>14 


22% 


[241] 


7 years 


Ohio, USA; 12 
plots, each 0.066 
ha 


Subsurface; 
corn/soybean 


Riser 30 cm below 
surface; 


Nitrate 


>9.5-16 


> 14-24 


45% 


[226] 


4 years 


Subsurface 
+subirrigation 


30% 



* If inflow loads or concentrations were not reported, values are listed as > outflow. Loads are estimated from discharge and concentration in water, rather than terrestrial 



fertilizer application; ** Compared to conventional drainage, other % is based on inflow vs. outflow; *** 2 mg/L NO3 - N ditches acted at N source, DIP values reported 
in Table 2 of original document are actually TIP due to typographical error. 
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In ditches that have at least a modest elevation gradient, low-grade weirs placed in series [198] can 
essentially create a mosaic of instream wetlands in agricultural ditches [242]. While individually these 
wetlands may be small in relation to their watersheds, their cumulative effect can be substantial, both 
with respect to biodiversity and nutrient removal [243]. A summary of case studies of agricultural 
wetlands demonstrated substantial nitrate reduction in wetlands that were less than 0.5 hectares and 
with wetland: watershed ratios as low as 1:180 [79]. Load reductions of total nitrogen for various 
configurations of small instream wetlands are regularly reported as 30% or higher, even for wetlands 
that constitute only 1% of the total drainage area [244-249]. High loading rates that coincide with low 
temperatures, however, greatly decrease the effectiveness of these wetlands, resulting in maximum 
removal rates of as little as 15% [250]. 

Wetlands are generally good sediment traps, but when hydraulic retention times are only a few 
hours, finer sediments and associated nutrients already suspended in the water column are likely to 
remain so, whereas fine sediments deposited during low flows can be re-suspended [251]. The 
reducing conditions common in wetlands can release dissolved phosphorus and ammoniacal nitrogen 
from the substratum, adding to any particulate nutrients suspended in the water column, net increases 
in total phosphorus, or even nitrogen may occur [246-248]. Although instream agricultural wetlands 
that are less than 1% of the watershed area can effectively remove approximately 20%-40% phosphorus [251], 
greater relative wetland area, around 5% of the total drainage area, act more consistently as phosphorus 
sinks [248,249]. 

Although the studies cited above give the impression that smaller wetlands would be preferable for 
nitrogen removal, whereas larger wetlands would be better for phosphorus removal, due to the plethora 
of other factors affecting load reduction rates, the issue is unclear. Tomer et al. [252] in a non-technical 
discussion of using wetlands for nonpoint source pollution suggest that larger wetlands are, in fact, 
better for nitrogen removal. This apparent discrepancy is related to issues of scale, hydrology, and 
source distribution. The wetlands discussed above are small and have little riparian buffering. Larger 
wetlands located at stream confluences tend to have more riparian vegetation and greater hyporheic 
exchange, resulting in more overall denitrification. Also, in many agricultural wetlands nitrogen is 
primarily found as labile nitrate, while phosphorus is closely associated with sediment transport. Thus 
multiple small wetlands strategically located downstream of highly erodible areas would be expected 
to retain phosphorus, whereas the low hydraulic retention times may be insufficient for substantial 
nitrate reduction. This trend would likely be more pronounced in systems where very high rates of 
subsurface flows at the field-scale limit interactions with plant roots and denitrifying bacteria. 

In comparison, under exclusively surface-drainage, short-term studies in experimental ditch systems 
have demonstrated the potential for high nitrogen sequestration using multiple instream structures to 
create wetland conditions, as opposed to a single outlet control using risers [235,236]. Such increases, 
however, varied depending upon nutrient concentrations, duration of high-load events, and preceding 
hydrologic conditions. Regardless of whether water was held at multiple structures or a single 
structure, load reductions were generally above 80% for nitrate and total phosphorus. Investigations 
are currently underway to assess the efficacy of similar structures for remediation of a wide range of 
nonpoint source pollutants on active farms [253]. 

Often, primary reaches in headwater ditches already possess the defining characteristics of 
wetlands: shallow inundation during part of the growing season, hydric soils, and hydrophytic 
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vegetation. The primary difference between these "ditch wetlands" and more familiar classifications is 
the high level of disturbance, resulting from both extreme hydrology and direct management practices. 
Methods that include multiple site-specific practices in a watershed context serve to dampen variability 
in hydrology and stabilize geomorphology in highly disturbed systems, while increasing habitat quality 
and allowing a focus on specific impairments in more stable systems (Figure 6). Although decreasing 
these potential disturbances and sources of environmental stress are prerequisite for establishing 
ecosystem function, a more comprehensive approach based in ecological principles is necessary for 
this potential to be realized [1 1,30,84,254]. 

Figure 6. Schematic showing a hypothetical hierarchical arrangement for in-stream 
practices at the field scale (approximately 0.25 hectares). Ditch and structure width is 
exaggerated for illustrative purposes. Small, adjustable water control devices, such as the 
flashboard risers or slotted concrete weirs are situated in smaller ditches along the 
perimeter road for easy access. Non-adjustable low-grade impediments are placed at 
regular intervals along the reach and upstream of confluences. These devices can be log 
vanes, armored berms, or simply artificial riffles. Ideally, they are placed downstream of 
shallow pools and empty into a two-stage or naturally meandering system. 
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An ecosystem-based approach; however, must take into consideration the interaction of physical, 
chemical, and biological factors. There has been little research directed toward how such structures 
affect habitat in agricultural headwaters. As previously mentioned, the ponding of water resulting from 
erosion control structures in streamside gullies has been demonstrated to increase biodiversity of those 
systems [190-192]. The effects of instream water control structures, however, function differently 
from the drop-pipes used in those studies, and the gullies were essentially depauperate of aquatic and 
wetland animals prior to implementation. Research has demonstrated localized improvements in 
macro invertebrate habits associated with the rip-rap commonly used for grad control structures in 
agricultural headwaters [255]. Additionally, structures such as low-grade weirs may increase the 
number and depth of pools, which has been advocated for improving fish habitat in agricultural 
drainage systems [143]; however such structures may require modification to allow fish 
migration [256]. As stream order and/or biotic integrity increases, the utility of such structures for 
sediment and nutrient retention is likely at odds with the potential detriments to aquatic habitat [257]. 

This contrast highlights the difficulties of reconciling the multitude of desired outcomes of 
environmental restoration. The following section examines some of the interactions related to 
management, land-use and biodiversity in agricultural headwaters in the context of ecosystem 
functioning and stability, specifically focusing on macrophytes. Because the impacts of agriculture on 
aquatic systems are related to the area of the watershed in agricultural production, small streams inset 
within or immediately adjacent to agricultural fields are expected to have relatively lower biodiversity 
and "natural" functioning than streams draining larger watersheds. Although many of the concepts 
discussed are applicable to a broad array of ecosystems, these highly degraded and potentially more 
manageable systems are the primary focus. 

5. Ecosystems and Communities 

The term biodiversity is inclusive of several inter-related concepts such as species richness, genetic 
heterogeneity, and functional traits related to the behavior of organisms and the resulting effects on 
their surroundings [258]. Rather than attempt to elucidate the differences between these concepts, a 
more utilitarian approach in the context of managing drainage systems is to address their 
commonalities. This approach relies on the idea that, whether the hierarchical level of diversity is 
genetic variability within a population or degrees of trophic interactions within an ecosystem, diversity 
is proportional to biotic resilience and niche utilization/creation [259,260]. The validity of this premise 
is debatable, but it is based soundly on basic probability and concepts that are widely accepted in the 
biological sciences [261]. One of the basic tenets of natural selection is that organisms within a species 
vary in their general behavior and in their specific responses to environmental factors. The same 
property applies when comparing different species, functional groups, trophic levels, etc. [262]. 

Increased biodiversity — in the general sense — increases both the potential range of organismal 
responses to environmental change and the functional redundancy among groups of organisms. So, 
whereas individuals, or even species, may come and go in response to change; unless the change is 
cataclysmic, if a sufficient population of other individuals or species are present there is the possibility 
that they can fill the same broadly defined ecological role. For example, in a stream reach with only 
one type of snail, a pathogen could cause complete extirpation, leading to increased epiphyte growth 
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and subsequent loss of the macrophytes that provide the habitat for a broad array of organisms. In a 
system with several types of snails, there is an increased likelihood that another type would increase its 
population in response to increased resources, thus buffering system-level change. More generally, the 
probability that a given system disturbance would have major influences on system function is 
decreased. The effects of biodiversity on ecosystem resilience and on ecosystem services and functions 
related to improved water quality represent an emerging topic of great practical importance with regard 
to ecological restoration and rehabilitation [14]. 

5. 1 Spatiotemporal effects on macrophytes 

Following this same logic, it is argued that increasing habitat heterogeneity correspondingly 
increases biodiversity via increasing the availability of niches [263]. This heterogeneity may not be 
obvious via casual observation. Relatively high biodiversity observed in a ditch in the United Kingdom 
was partially attributed to a concurrent gradient in pH [264]. Heterogeneity, however, can be a double 
edged-sword, as maintenance of a viable population can be less likely in smaller patches of habitat 
than in larger patches [265] meaning that relative scales of heterogeneity are an important 
consideration. For example, the occurrence of functional traits, such as denitrification, among 
microbes can be fairly diverse in ditches that appear homogeneous [266]. Furthermore, in 
environments with multiple sources of physiological stress, those stresses can be more important than 
arbitrary measures of heterogeneity for limiting diversity and biotic assemblages [267]. 

That being said, in reference to agricultural ditches, increasing some types of heterogeneity is likely 
to increase plant biodiversity, especially in systems where hydrology and poor substratum are a major 
source of stress. Two-stage ditches and water control structures that decrease extreme temporal 
variability also increase spatial heterogeneity of both substratum and hydrology. Stabilization 
structures, whether geologic or biotic in nature, not only decrease rates of change in channel 
morphology, they also serve to add stable surfaces for attachment of organisms. Artificial riffles and 
low-grade weirs armored with rip-rap may have the added benefit of creating deposition zones of soft 
sediment suitable for rooted macrophytes and burrowing invertebrates. 

Even at small scales, increasing the available volume of soil or sediment that roots can penetrate 
increases plant diversity [268]. Riparian plant species richness is related to increased width of the 
sloping banks [269], which correspondingly increases available habitat and likely increases the 
probability for water-dispersed seeds to settle on the banks [180]. The ecology of aquatic and wetland 
plants within agricultural drainage ditches is an emerging field relying heavily upon principles of 
landscape ecology as well as wetland and stream ecology. Some of these principles and the studies 
elucidating them are explained below. 

In an experimental study in a wetland with fairly constant water levels, small substratum elevation 
differences within single plot resulted in increased measures of diversity in wetland plant assemblages [270]. 
Similar patterns have been observed in other studies [271]. In addition to potential differences in water 
availability, differences in soil oxidation-reduction chemistry between inundated and drained soils 
invoke species-specific stress responses to oxygen depletion and change the availability of plant 
nutrients and toxins [272]. Because of stresses related to oxidation-reduction conditions in the soil, 
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plant response to water depth and wetland hydroperiod are a major determinant of dominant vegetation 
(Figure 7, [273]), especially during establishment [274]. 

Figure 7. Ditches in different parts of the world have many characteristics in common, but 
differences in hydrology impact vegetation. At left, seasonally inundated ditches near 
Yazoo City, Mississippi, USA. If the channel bed is fairly stable ditches like these allow 
growth of emergent vegetation, which becomes lush as water recedes during dry summer 
months. At top right, ditch draining pasture land near Sainte-Mere-Eglise, Normandy, 
France. Note that although the water is much less turbid than the ditch near Yazoo City, 
emergent vegetation is limited to the bank due to persistent inundation. At bottom right, 
ditch in Wicken Fen, Cambridgeshire, U.K., likewise lacks emergent vegetation. Although 
this area has been managed as a nature reserve for over thirty years, mats of floating 
vegetation are clearly visible on the water's surface. 




In lotic systems, water velocity can be an important determinant of plant assemblages [275,276]. 
The creation of multiple zones of different hydrology, such high velocity riffles, low velocity pools, 
and frequently inundated benches, increases physical habitat diversity, which allows for the persistence 
of organisms with a wide range of tolerance limits, and potentially increases biological diversity [277]. 
In reaches of highly variable hydrology, small, permanent pools of water may be especially important 
in preserving local aquatic diversity in conditions of seasonal drought and uncertain climate patterns. 
Relative to their size, for example, small ponds have been demonstrated to contribute substantially to 
overall biodiversity in areas of extensive agriculture [278,279]. Maintaining permanent pools of water 
in ditches, or at the very least areas of saturated soil, is especially important if larger wetland and 
aquatic systems are few or distant [84]. 

In areas of extensive agriculture, long-term decreases in macrophyte species richness have been 
observed [27-30,280]. These decreases are due not only to hydro logic alteration and non-point source 
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pollution, but also due to landscape factors affecting plant dispersal [281]. In frequently disturbed or 
highly fragmented environments, species colonization plays a major role in determining community 
composition [140,282]. Localized extirpation of macrophytes in small headwater ditches may result 
from greater environmental stochasticity [278], extreme physicochemical conditions [17,278,283,284], and 
higher anthropogenic stress and disturbance [17]. 

A major potential source of disturbance is removal of vegetation from ditches and banks as a 
standard drainage maintenance practice [283,285-287]. Maintenance of ditch banks often entails 
regular mowing or herbicide application and infrequently uprooting of woody vegetation and 
re-sloping of ditch banks. Channel dredging, performed on an as-needed basis may remove large areas 
of channel vegetation along with accreted sediments. For the resulting bare earth to provide any degree 
of structure or habitat it must be re-vegetated. Unless ditches are under active conservation 
management that includes a seeding or planting regime, this reestablishment must take place via 
vegetative expansion of any viable plant tissues on site, from the seedbank, or from dispersal from 
adjacent habitat [27,288]. Both seedbanks and nearby habitat for source populations have been 
demonstrated to influence ditch macrophyte communities [27,178,282,289]. Riparian systems, with 
their extensive habitat connectivity and resulting biodiversity can serve as sources for repopulation of 
habitat disturbed by agricultural management [178,264]. The high degree of environmental variability 
and disturbance in agricultural ditches, however, generally precludes establishment of plant 
assemblages with comparable composition to their likely source assemblages [288,290]. 

In spite of the importance of dispersal for understanding ditch plant assemblages, in comparison to 
studies analyzing source-sink dynamics from landscape or metapopulation perspective, there has been 
relatively little research elucidating modes of ditch plant dispersal. Blomqvist et al. [27] found that in 
species whose occurrence on ditch banks was increasing, the most common mode of dispersal was 
related to agricultural activities, whereas water dispersal was relatively unimportant. Other studies 
examining dispersal methods have concurred that farm machinery can be an important mode of 
dispersal, though dispersal by wind and water are also substantial [281,282,291]. It is important to note 
that these studies are concerned primarily with terrestrial or facultative wetland plants occurring on the 
ditch bank, rather than in the channel. Dispersal via water can be an important mode for wetland plant 
colonization of ditches having perennial flows of low velocity, and appear to be influenced by wind 
patterns, potentially allowing colonization of upstream habitats [180]. In ephemeral or intermittent 
reaches it is unlikely this "sailboat" method of dispersal would occur, underscoring the need for 
maintaining small pools of water for local seed production and only removing vegetation from ditches 
in areas where it is expected to cause flooding. 

5.2 Microhabitat Effects on Macrophytes 

Although availability of propagules can be an important source of plant diversity, in an agricultural 
setting, microhabitat factors can result in plant assemblages that are very different from those in the 
available seedbank and likely source assemblages (Table 3, [27,290]). In areas that are subjected to 
regular inundation, plant species richness is often a function of abiotic factors, rather than interactions 
among organisms, such as competitive exclusion [292]. The most important of these factors are related 
to hydrology. For example, plant assemblages in meadows develop around niche separation based on 
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soil moisture patterns [293]. As mentioned previously, relative water depth can be an important 
determinant of plant assemblages and plant species richness [270]. In areas of variable hydrology, 
however, the intensity and duration of flood events are likely more important for determining plant 
assemblages than depth at any one time [294]. In the context of ditch rehabilitation, management 
related to frequency and duration of high water events can influence plant composition [295]. 

At the other end of the hydrologic spectrum, low water retention can result in episodic droughts 
leading to extirpation of wetland plants used for restoration [296-298] and may be related to the 
dominance of annual facultative species in some ditch reaches [17]. Use of controlled drainage 
practices to raise water levels has positive benefits on ditch vegetation in perennial low-flow ditches [299]. 
By increasing local hydroperiods, such structures would also increase the likelihood of persistent 
wetland vegetation in ditches subject to episodic drought. Because the location of instream structures is 
a function of stream gradient, increases in hydroperiods would ideally be limited to a small adjacent 
area, allowing for organisms adapted to ephemeral hydrology to persist over less influenced reaches of 
the stream. Controlled drainage also has the potential to decrease peak discharge rates of receiving 
waters. Although the relationship between macrophyte abundance and discharge/velocity has not 
received the same amount of attention as other hydrologic parameters, the relationship is likely a 
dominant force in lowland streams [275]. In general both abundance and diversity of macrophytes is 
limited by high velocities [300]. Few studies have examined these effects in agricultural ditches, but 
Schaller et al. [301] observed decreases in plant biomass following high precipitation events. 

These stressors not only influence the diversity and coverage of plants, but also influence the basic 
growth forms of plants that can survive. The most basic growth form categorization of macrophytes 
describes the position of photosynthetic parts of the adult plant in relation to the water surface. 
Submersed (or submerged) plants can survive using exclusively underwater photosynthesis, acquire a 
large portion of mineral nutrition directly from the water column and have a root system that is often 
primarily for anchorage. Floating-leaf plants rely upon contact with the atmosphere for photosynthesis 
and may be unanchored, anchored to the channel, or have an architecturally simple root system 
connected to the channel bed or shoreline. Emergent plants likewise maintain contact with the 
atmosphere, but are more intimately associated to the substratum by extensive root systems and 
often rhizomes. 

Generally, submersed macrophytes are not prevalent in agricultural headwater ditches. High 
hydrologic variability and mechanical shear stress resulting from high peak discharge and high 
turbidity due to nutrient enrichment or suspended sediment preclude establishment and 
growth [109,275,302]. These trends toward decreased occurrences of submersed plants in drainage 
ditches may be the result of eutrophic compression of the photic zone, as is often considered the case 
in lentic systems. In agricultural headwater ditches, however, hydrologic variables related to discharge 
and velocity are a predominate factor that can limit submersed and floating-leaf vegetation [275,303]. 
These stresses, along with dispersal characteristics, likely explain why floating leaf macrophytes in 
agricultural landscapes are generally more common in higher order streams [304], or ditches with a 
fairly stable hydrology [180,289], than in small streams and ditches with stochastic 
hydrology [17,278]. 

Headwaters of agricultural drainage ditches are often dominated by emergents, particularly 
grasses [305] such as Leersia spp. [17], which have a seedbank that can persist under inundation. 
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Although it is an oversimplification of a broad taxonomic group, the growth habit of rhizotomous 
grasses and the fact that occurrence of grasses in drainage ditches is related to high nutrients [306] 
mean that they have the greatest general utility for initial restoration or rehabilitation efforts in lowland 
agricultural environments [307]. In general, emergent macrophytes that persist in the harshest ditches 
are tall enough to maintain leaf contact with the atmosphere during flooding or can withstand periods 
of submergence in turbid water. The latter strategy requires some type of storage tissues, such as the 
rhizomes used by grasses and the grass-like Typha species. Energy storage via rhizomes is also 
important for re-sprout following burial due to sedimentation or bank sloughing. 



Table 3. Localized habitat parameters affecting macrophytes in wetlands and streams in 
the agricultural landscape. Note that these factors also indirectly affect macrophytes via 
changes in community structure of consumers and decomposers. 



Causes 



Effects 



Lack of canopy 
Increased peak discharge 
Increased hydrologic variability 
Increased slope of ditch bank 
Suspended sediment 
Elevated N and P 

Substratum 
Herbicides/Pesticides 



High temp, increased primary production 
Mechanical stress, temperature variability 
Drought/anoxia stress 
Burying, sharp gradient limits area for establishment, shading 
Turbidity, scouring 
Turbidity, increased primary production 
Less variability, compaction, unconsolidated fine particulates 
Plant toxicity 



Other plants with similar growth habits, such as species of Polygonum that can spread clonally and 
have a fairly fibrous root system are also common in such ditches [17]. During storm events, high 
velocity water that is laden with sediment scours both the surface of the plant and the substratum. 
Conversely, during periods of drought, plants growing in fine mineral sediments must cope not only 
with decreased water availability, but also mechanical stresses on roots due to contractions and 
subsequent cracking during drying. In both extremes clonal plants with interconnected rhizomes can be 
important for structural stability, essentially weaving a living mat of plant material. In relation to 
ecological function, these types of plants can be broadly categorized as "matrix" species, as they tend 
to be influential in shaping the general structure of a wetland [308]. Other taxa that include such plants 
are Scirpus, Typha, and Phalaris, which are all commonly used plants in treatment wetlands. In 
contrast, plants that form isolated tussocks may be limited to ditch margins or pools created by water 
control structures. The importance of such plants should not be discounted; however, as the 
micro topographic heterogeneity provided by the tussocks can be an important source of plant diversity 
following senescence [309]. 

5.3 Ecosystem Functions of Macrophytes 

Issues related to vegetation cover, type, and persistence in ditch systems are important because 
plants form the structural base upon which the ecosystem is built [310]. Vascular plants directly or 
indirectly regulate a number of processes in a variety of aquatic ecosystems. Benthic 
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macro invertebrate abundance, for example, is related to increased macrophyte cover [311]. In open 
canopy systems lacking woody debris and course substratum, such as cobble, disturbance to 
macrophytes results in changes in macro invertebrate assemblages that can cascade through multiple 
trophic levels [312]. Submerged portions of plants serve as growth surfaces for bacterial bio films and 
epiphytic algae [313-315], which are the basis of most aquatic food webs. Additionally they serve as 
habitat for a number of aquatic organisms [316]. Within drainage ditch systems, higher macrophyte 
diversity has been associated with greater abundance and species richness of animals [264], but no 
clear cause-and-effect relationship has been established. Although generalizing these complex 
interactions is difficult, they depend to some degree on plant growth form. 

For example submerged and floating macrophytes displaying a high degree of structural complexity 
in the water column can increase the abundance and diversity of macroinvertebrates [108,316,317]. 
Conversely, in wetlands with persistent inundation, dominance of emergent macrophytes can also 
result in lower overall macrophyte diversity in comparison to systems dominated by submergents [318]. 
Plant growth-form also affects non-point source pollution and related functions [319-322]. Plant 
surfaces in the water column cause drag [323], which decreases velocity and increases retention time [324], 
inducing sedimentation [325] and decreased resuspension [326]. Marginal emergent vegetation, 
however, can eventually increase stream velocity [175], due to stream narrowing, as previously 
discussed. Surveys examining both vegetation and nonpoint source pollutants in agricultural drainage 
systems have noted inverse correlations between vegetative cover and concentrations of suspended 
solids [17,327]. The efficacy of plants for decreasing suspended sediment depends not only upon the 
amount of vegetation, but also the growth-form. In comparison to submergents, emergent vegetation 
shows greater reductions in sediment resuspension [300,328]. Likewise, because plant roots stabilize 
bank and bed stability via physical structural reinforcement and pedogenesis [91,212,329,330] 
emergent plants with their more extensive root systems are more often used for increasing 
structural stability. 

Although the effects on plant-induced decreases of nutrients are well documented [131], 
comparative studies have also reported lower loads of non-point source pollutants in ditches lacking 
vegetation [331], or in which the aboveground biomass of vegetation was recently removed [332]. The 
complexities of phosphorus removal and plants are especially vexing, due to the sometimes opposing 
effects of plant-induced changes in pH, organic carbon, and oxygen availability in both the water 
column and the substratum. The way plants impact nitrogen and phosphorus are very different. Take 
organic assimilation for example. Compared to nitrogen, which can constitute up to 3% of dry mass in 
wetland plants, phosphorus is generally below 0.5% [333]. Because most of the phosphorus in flowing 
agricultural waters is particulate bound, the majority of total phosphorus removal from the water 
column by plants is probably due to sedimentation. In waters with high levels of particulate nitrogen [334], 
this path may also result in nitrogen being removed. There are also indirect pathways in which plants 
can impact nutrients in the water, such as altering pH or oxidation-reduction potential in the water 
column as daily photosynthesis/respiration cycles alter concentrations of oxygen and different species 
of inorganic carbon [335]. 

Wetland and aquatic plants also alter soil and sediment chemistry [323,336-338]. Two well-established 
examples are the release of oxygen [272] and organic carbon [339,340], which essentially create 
biogeochemical hotspots. These hotspots may immobilize phosphorus [335,341,342]; however, higher 
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concentrations of organic phosphorus have been associated with plants [343]. Furthermore, as there is 
no major gaseous phase in the phosphorus cycle, these immobile forms remain in the system and may 
be released into the water column when plants senesce [197,343]. In systems with non-calcareous 
mineral substrata much of the immobile phosphorus is associated with aluminum and iron [344]. 
Theoretically, inundation in these systems can neutralize pH and reduce ferric phosphorus complexes, 
leading to dissociation and increased solubility of phosphorus [130]. If pH is already close to neutral, 
plant-induced soil acidification would potentially attenuate this release, but at a range of pH3-4, 
phosphorus can dissociate from aluminum, increasing concentrations in the water column [130]. With 
regard to drainage ditches, the effects of management further complicate matters. Simply removing 
vegetation and sediment from ditch beds can result in complex responses in phosphorus transport that 
vary over time [345,346]. 

Unlike phosphorus, reduced nitrogen species readily volatilize; thus denitrification of nitrate 
represents a potential permanent removal mechanism. Because of high nitrate concentrations in 
agricultural headwaters, denitrification rates are often limited by the availability of organic carbon in 
the sediment [172,347]. Thus the organic carbon that plants release into the oxidation-reduction 
gradients around flooded roots would be expected to increase denitrification and may partially explain 
why plants are associated with higher rates of denitrification and lower concentrations of nitrate in 
agricultural streams [327,348]. In the highly productive vegetated edge-of-field ditches in the LMAV, 
for example, denitrification potential during the growing season can be comparable to constructed 
wetlands and natural depressional wetlands [349]. 

Not surprisingly, the impact of plants on oxidation-reduction conditions of the substratum also 
differs among species, potentially affecting effluent nutrient concentrations [350]. More generally, 
studies have demonstrated that floating-leaf macrophytes and emergent macrophytes promote greater 
denitrification rates than submersed plants [318,351]. The increased denitrification by floating-leaf 
macrophytes is likely caused by decreased light penetration limiting oxygen production in the water 
column and benthos, creating an environment more conducive to chemical reduction. Emergent plants 
also shade the water column, but their primary impact on denitrification is more likely the result of the 
chemical conditions they create in the rhizosphere and the benthos in general. 

Although denitrification is generally considered the primary pathway for nitrogen removal in 
agricultural effluent, it is important to note that denitrification is not the only pathway. When the actual 
nitrogen removal rates for different growth forms of aquatic and wetland plants are compared, a 
pattern emerges that is very different from that observed for denitrification. Generally, emergent plants 
are least effective for removal of dissolved nutrients such as ammonia, nitrate, and soluble 
orthophosphate. In comparisons to emergent macrophytes, Srivastava et al. [320] estimate that 
floating-leaf rooted macrophytes are five times more effective, free-floating macrophytes are six times 
as effective and submerged macrophytes are nine times as effective. Due to the aforementioned high 
levels of stress and disturbance in these headwaters, even under intensive management maintaining 
extensive submerged or free-floating macrophytes would be difficult. Some species, such as the water 
hyacinth, Eichhornia crassipes, form dense colonies of interconnected surface mats that allow some 
degree of anchoring under flow. Mats of this species have been reported as removing 777 mg N m d 
and 200 mg N m" 2 d" 1 (or 280 g N m" 2 yr" 1 and 73 g N m" 2 yr" 1 , [352]). 
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5.4 Potential Impact of Aquatic Macroinvertebrates on Nutrient Export 

Although drainage management practices are likely to decrease export of nitrogen, suspended 
sediment, and associated particulate phosphorus, over the long term, phosphorus export may continue 
to be a problem due to leaching of dissolved phosphorus [168]. Because the volatilization of 
phosphorus is insignificant under conditions found in drainage ditches, removal via biogeochemical 
processes similar to nitrogen reduction are not possible. Plant uptake of phosphorus in ditches 
dominated by herbaceous plants is also not a long-term solution, as plant-related phosphorus 
removal decreases with system maturity and phosphorus assimilated by plants may be released upon 
senescence [197,343]. Accretion of particulate-bound phosphorus in sediments is often presented as a 
viable method for decreasing phosphorus loading to receiving waters. This approach, although useful, 
can lead to internal loading of dissolved phosphorus. 

Furthermore, in areas where a large portion of particulate bound phosphorus is associated with iron 
or aluminum, the effects of inundation on pH and oxidation-reduction conditions can cause 
dissociation, leading to elevated concentrations of soluble orthophosphate in the water column. This 
process can be enhanced under conditions of drying and rewetting, which also promotes the 
mineralization of organic carbon, increasing phosphorus solubility [131]. Thus in the long-term, while 
phosphorus loading to receiving waters may be decreased via sedimentation, levels will likely continue 
to be elevated due to the continued internal loading and influx of dissolved phosphorus from 
near-saturated terrestrial soils. Some degree of internal loading may be curbed by removal of sediment 
as part of standard dredging practices. However, extensive dredging of phosphorus-saturated sediment 
can lead to increased export of suspended sediment, which is counter to the desired effect. A largely 
unexplored approach is to manage ditches for biodiversity as a means to increase biotic export of 
nutrients to terrestrial environments. 

Nutrient exchanges between aquatic systems and their watersheds have been described as 
highly asymmetric, with the terrestrial environment providing nutrients and the aquatic environment 
receiving [353]. The classic model of riverine ecosystems assumes little instream primary production in 
headwaters [171]. As previously discussed, however, this model rarely applies to areas of extensive 
agriculture where ample light and high input of mineral nutrients can result in extensive algal blooms. 
Research demonstrates that even in shaded, mesotrophic streams some functional groups of insects 
feed almost entirely on instream algae [353]. The fact that aquatic insect larvae may preferentially 
utilize autochthonous materials is important because the majority leave the aquatic environment upon 
reaching maturity, taking with them any assimilated carbon, nitrogen, and phosphorus. A growing 
body of research suggests that insect emergence represents a major energy flux from aquatic to 
terrestrial systems [354-358]. These studies, as well as those cited below, have been primarily 
concerned with the ecological ramifications to terrestrial systems, rather than the potential effects on 
instream nutrient cycling. 

Stoichiometric analyses of insects show they are often up to 1% phosphorus [359] and 10% 
nitrogen [360]. In comparison, an aquatic system can be classified as hypereutrophic with as little as 
1 x 10~ 5 % phosphorus and 1.2 x 10~ 4 % nitrogen in the water column [164]. After taking into 
consideration that organisms accumulate these nutrients at concentrations several orders of magnitude 
greater than environmental concentrations, it becomes apparent that biotic fluxes of limiting nutrients 



Biology 2012, 1 



829 



moving from aquatic to terrestrial systems may represent an unexplored method for nutrient mitigation 
in highly disturbed, biotically depauperate systems. The most striking example of the potential for 
biotic export is a study by Jackson and Fisher [354], wherein they calculated a net biomass export of 
over 20 g m~ 2 yr -1 from a temperate desert stream. Using the stoichiometric values above, the 
calculated export of nitrogen would have been approximately 2 g m~ 2 yr -1 and phosphorus would have 
been 0.2 g m~ 2 yr -1 . For a reach 1 km long and 1 m wide the annual removal rate would be 2 x 10 2 g of 
phosphorus and 2 x 10 3 g of nitrogen. Other studies have found emergence rates approaching an order 
of magnitude lower (e.g., 3.7 g m~ 2 yr -1 in the 14 lotic systems reviewed by Jackson and 
Fisher [354]. Thus associated export would likely be correspondingly lower. These removal rates are 
insignificant compared to the wetland plant uptake values estimated by Kadlec and Wallace [131], 
which are approximately 129 g m~ 2 yr -1 for nitrogen and 6 g m~ 2 yr -1 for phosphorus. However, 
because insect emergence represents a nutrient export from the aquatic system, rather than internal 
accumulation, it removes nutrients from the aquatic system, rather than just from the water column. 

For biotic nutrient export to be examined, first it is important to catalogue assemblages of insects 
and other macro invertebrates that occur in ditches and to explore what might be limiting their diversity 
and productivity. Although macroinvertebrates represent the most visible link between primary 
producers and economically important fisheries in receiving waters, like most aquatic fauna, their role 
in highly disturbed agricultural headwaters has received little attention. A few examples, however 
demonstrate that hydrology may be a principle driver of these assemblages. In a study of drainage 
ditches in California, macro invertebrate density was generally low, and dominated by pollutant 
tolerant gastropods, oligochaetes, and invasive Corbicula clams [361]. The authors point out that these 
low numbers are likely a result of poor substrate and ephemeral hydrology, as perennial streams are 
usually more biodiverse than non-perennial streams [362-364]. A survey of benthic invertebrates in 
Arkansas showed similar trends with ephemeral headwater ditches displaying low aquatic insect 
diversity and density [365]. It is unclear whether these trends are the result of immediate 
anthropogenic influences related to agricultural management, such as pesticide use, or simply a 
response to hydrology and substrate changes corresponding with stream reach. Although it is 
conceivable that the trend is related to nutrient enrichment, in general, streams high in nutrients will 
display increases in invertebrate production [366]. A survey of ditches in the Netherlands found 
macro invertebrate diversity in ditches comparable to that in small lakes [367]. A similar survey in 
Florida found higher macroinvertebrate diversity in ditches that were hydrologically connected with 
streams that had undergone hydro logic alteration than in natural streams [181]. In both these systems 
hydrology was comparably stable and pesticide exposure was likely lower than in the ditches in 
Arkansas or California. 

In addition to nutrient fluxes due directly to insect emergence, fluxes can occur via other biotic 
vectors. Amphibians, for example, may represent a net efflux of nutrients in aquatic systems, as within 
a cohort, the overall nutrient loads from egg masses are generally lower than loads exiting the system 
upon emigration [368,369]. High mortality due to insufficient hydroperiod, however, can reverse this 
trend [370]. In the context of agricultural headwaters, other potential stresses and disturbances could 
result in mortality rates comparable to those observed by Register and others [371,372]. Increasing 
trophic levels and food web connections within aquatic systems can also have positive benefits on 
nutrient mitigation. Vanni [373] cites several studies that demonstrate that long-lived aquatic 
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organisms, such as mussels and fish, may represent a significant long-term, albeit temporary sink of 
nutrients. Simulations performed by Small et al. [374] also suggest that instream consumers can 
greatly influence nutrient cycling, potentially remediating loading of critical nutrients like nitrogen and 
phosphorus. Admittedly, diverse aquatic communities comparable to those in less impacted streams 
are not a likely outcome or realistic target for many primary agricultural drainage systems. If, however, 
diverse aquatic communities are to be preserved at all, rehabilitation must focus on headwaters and 
include multiple site-level practices incorporated into a watershed plan that considers ecological as 
well as physical processes [1 1,30,84]. 

6. Conclusions 

Drainage for agricultural conversion is the primary cause for the degradation of wetlands and 
aquatic systems in many parts of the world. Impacts occur at multiple scales and include changes in the 
physical processes of ecosystems that broadly impact biota, generally decreasing biodiversity. 
Attempts at remediating these impacts, however, have suffered because they have ignored the 
overwhelming role of the initial interface between terrestrial and aquatic environments, which is most 
often the lowly drainage ditch. Efforts for improving the function of the land-water interface have 
generally been concentrated in wetlands adjacent to larger bodies of water and have taken a restoration 
approach that seeks to recreate some suite of historic conditions. Unless these projects include 
practices to mitigate the most distal headwaters, they are likely to fall prey to the same stressors and 
disturbances that they are supposed to remedy. 

New approaches focusing on these headwaters allow precision conservation practices utilizing a 
watershed approach. Because these approaches involve the cumulative effects of multiple practices, 
they are conducive to experimentation and/or adaptive management. Currently the focus of these 
practices is stabilization of hydrology and geomorphology and improved nutrient remediation, but they 
may have the added benefit of improving habitat conditions for aquatic and wetland biota. Such 
benefits, however, are reliant upon context of both landscape and management. In order to effectively 
manage environmental problems resulting from agriculture researchers and practitioners must not only 
develop practices that achieve arbitrary mitigation targets, but must understand how and why these 
practices work or how and why they fail. This understanding relies first upon the acceptance that 
artificial drainage ditches, rather than simply being physical conduits of water, are ecosystems similar 
to, but distinctive from, more familiar classifications of aquatic and wetland systems. As ecosystems 
that have been clearly demonstrated to impair receiving waters, artificial and highly impaired 
drainages in agricultural landscapes deserve no less attention with respect to their ecological 
functioning than the more biologically diverse systems they impair. 

6.1. Recommendations 

Improving ecosystem functions and services in agricultural headwaters first requires site selection. 
Sites should be chosen first based upon their designation as critical source areas, or upon their impacts 
to critical downstream habitat. Rehabilitation efforts should be in proximity to large aquatic or wetland 
complexes, not only to decrease pollutant delivery to these systems, but also because they serve as 
source populations for aquatic and wetland organisms. In cases where agricultural streams and ditches 
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drain uplands, the upland reaches should include riparian buffers, ideally forested buffers. If such 
buffers are not already in place, planting is a viable option, but in agricultural lowlands using 
subsurface drainage or with deeply incised streams, grass buffers or approaches that intercept 
concentrated flow paths are likely to be equally efficacious. 

In the most severely degraded areas, rehabilitation should focus on system stability (substratum and 
hydrology) with biotic goals focused foremost on development of vegetative cover. Arrays of water 
control structures placed along reaches and starting at the most practical upstream point may improve 
vegetative establishment, attenuate hydrologic extremes, and create instream wetlands. Because they 
are effective for enhancing sedimentation, such structures are also useful when targeting projects 
specifically for decreased sediment and phosphorus transport. Such structures also increase 
hydroperiods in intermittent pools, potentially allowing colonization by non-emergent vegetation that 
decreases nitrogen via assimilation. However, implementation of control structures must consider a 
multitude of direct and indirect impacts on aquatic organisms. 

In reaches exhibiting perennial flow, stream-based approaches should be utilized whenever 
practicable to avoid unintended system-level changes. Both approaches should employ a strategy of 
creating multiple types of habitat by creating areas of different water depth or substratum composition 
to increase biodiversity and the probability of long-term habitat stability. In perennially inundated 
reaches with fairly homogenous depths of 0.5 m or greater, strategically timed periodic drawdowns 
may be an effective management technique for increasing diversity, especially in low velocity waters. 
If specifically targeting excess nitrogen, however, fewer species of the floating and floating-leaf 
macrophytes common in such waters may be more effective than a diverse assemblage of emergent 
plants and are less likely to impede flow. 

Unfortunately, there is no catch-all approach for ecological restoration. Even somewhat simplified 
approaches attempting rehabilitation of ditches for a limited number of ecological functions require 
site-specific knowledge and modification. Thus these recommendations should really be viewed as 
considerations. Ultimately, there is no substitute for local expertise and these recommendations could 
have negative impacts in some situations. Some low gradient agricultural streams have a diverse array 
of mussels and crawfish that are dependent upon high velocity, low vegetation conditions, and would 
be exterminated by a high concentration of weirs. Subsurface controlled drainage, by decreasing 
discharge into surface waters, could elevate nitrate concentrations in groundwater to toxic levels, 
contaminating shallow wells. Furthermore, aquatic macrophytes are widely considered nuisances to be 
eliminated, rather than desirable organisms that provide services. The purpose of this review is not to 
serve as a how-to guide, but as a reference requiring a critical evaluation of how different practices 
apply to different situations. 

6.2. Future Directions 

The path forward is not a straight line. Like an explorer paddling up a meandering river from its 
mouth to its source, each decision of which path to take will only lead to more choices as to which 
tributary leads to the desired destination. If this analogy can be applied to functional rehabilitation of 
aquatic systems, then the path forward relies upon a realistic expectation of the destination. Because 
headwaters drain small watersheds, and each watershed is unique, a quest for a definitive management 
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protocol for these waters is more a matter of faith than science. Generally, though, with sufficient local 
knowledge, small watersheds may be more efficiently and effectively managed than regional 
watersheds. Additionally, the differences between smaller watersheds are easier to quantify, thus 
comparative approaches in multiple small watersheds would yield insights into relative effectiveness 
of management practices. If several of these studies were analyzed using spatially hierarchical models 
the cumulative effects of integrative management could be estimated. 

Robust meta-analyses, however, require standardized methods that are not widely applied in small 
watersheds, if at all. With regard to sediment and nutrient analyses, laboratory techniques have 
acquired at least some level of standardization, but sampling protocols vary, especially with regard to 
appropriate sampling intervals and areas. Given the inherent stochasticity of smaller streams in 
comparison to the more periodic variability in rivers and lakes, increased attention to sampling 
protocols is a necessary avenue of research. The issue of sampling protocols also arises when 
attempting to record usage of primary and secondary drainage systems by animals. 

Studies examining such usage, generally measure occupancy as number of individuals, number of 
species, or living biomass. When ditches are located near aquatic systems in which anthropogenic 
impacts are low, occupancy values can be comparable to reference systems. The real question is 
whether or not the ditches are providing a habitat that contributes to a sustainable local population. In 
prime habitat, competition can lead to emigration of juveniles into less desirable locales, such as 
drainage ditches, increasing occupancy of these marginal areas. If the environment is not conducive to 
reproduction and offspring maturation, however, its habitat value is limited. Aside from a few studies 
documenting different growth stages of pollutant tolerant insects, data suggesting that ditches can 
support viable populations of aquatic animals are also limited. 

In agricultural ditches draining row crops, conventional wisdom says that the majority of nitrogen 
removal takes place via denitrification of nitrate. If we ignore the possibility that other pathways such 
as biotic assimilation or anaerobic ammonium oxidation (anammox) are undervalued, there is still a 
major problem to be surmounted: benthic organic carbon limitation. Headwaters located in deciduous 
forests receive an annual resupply of organic carbon from litter fall, which is then trapped due to 
uneven surfaces and velocities. Even if existing ditches were planted with riparian trees, sufficient 
benthic carbon would likely decades to build up and would require some degree of channel 
heterogeneity to keep inputs from washing downstream during high precipitation events. More 
research should be directed at enhancing passive carbon input and creation of low maintenance 
bioreactors. Designs that can trap crop residues in the channel bed, but not cause flooding during high 
precipitation events, would be especially useful. 

Because management practices will necessarily differ at different locations, it is important that case 
studies are available for areas of different geology, climate and agricultural practices. Referring to the 
Scopus search described in the introduction to agricultural impacts, the research is biased toward North 
American and Western Europe. In the broadly defined search using the word agriculture and either 
"environmental impact" or "ecological impact," only 15% of the studies in this century were affiliated 
with researchers in Asia, 7% in Australia (including New Zealand), 4% in South America and only 2% 
Africa. Given the current area of land under agricultural production in China and India, and the 
increasing rate of land conversion to agriculture in equatorial regions, efforts toward applied research 
in reducing agricultural impacts in these regions should be paramount. 
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As research on this topic continues to expand and the relative environmental impacts of different 
water management strategies in different settings become more transparent, the perspective must shift 
from natural sciences toward social sciences. Only 4% of the studies found by Scopus in the search 
described above were categorized as social science studies. Although this discrepancy is to be expected 
to some degree, implementation of conservation practices may be a hard sell unless economic 
incentives or penalties are developed. Much of the land under intensive agriculture production is 
owned or managed by non-governmental entities that require some accounting of benefits before costs 
are accrued. Often, though, government sponsored programs will provide at least partial funding to 
encourage conservation practices. If such programs are to remain viable in the long-term, however, 
they must be demonstrated to have value to a variety of stakeholders and the general public. 

The value of conservation programs can be demonstrated from a monetary perspective by 
estimating the potential cumulative derivatives of the ecological services they provide. Although this 
approach is gaining traction among some ecologists and economists, it subjects conservation efforts to 
an artificial economy wherein values are not based on supply and demand of tangible products. Also, 
the field suffers from a lack of standardization [375], further complicating interdisciplinary efforts. 
From the standpoint of justifying conservation practices, research on the valuation of ecosystem 
services is a necessary step. As a market-based incentive, however, it faces a number of ecological, 
political, and societal hurdles, as seen in the subjectivity of determining wetland mitigation credits in 
the United States, and the difficulties of wide-scale implementation of the comparatively simple 
system of trading carbon credits. In the 2012 grant cycle the United States Department of Agriculture, 
National Resource Conservation Service allocated over seven million dollars toward research for 
developing water quality trading credits. Actual nationwide implementation of such a system would 
require a substantially greater investment, which can only occur with support from stakeholders and 
the general public. 

Ultimately, something is only worth what people are willing to pay for it. Any given individual in 
the general public is less concerned with how much an economic model says something is worth, than 
how much it impacts them directly. The conservation movement as a whole has relied upon 
charismatic animal icons such as elephants, tigers, and polar bears to elicit emotional reactions. For the 
majority of the population, this approach has the effect of removing conservation from their daily lives 
into a faraway exotic realm in which they are not active participants. Conversely, for those who live in 
close proximity with such animals, it creates a view of conservationists as out of touch with the 
realities of the dangers that are inherent to interactions between humans and the wild. 

Bringing conservation to the forefront of the sociopolitical dialogue requires broad-scale systemic and 
educational approaches as well as programs targeted specifically toward small stakeholder groups who 
have a disproportionate level of influence on environmental issues. Most conservation outreach, 
concerned with knowledge and perception among large populations, utilizes educational and sociological 
approaches to have the greatest effect on the most number of people. In contrast, outreach focusing on 
stakeholder groups such as farmers or agricultural consultants would be most efficacious using a 
behavioral approach geared at measuring the actions of individuals or small groups. The benefit of this 
approach is that the effectiveness of the outreach program can be experimentally quantified in concrete 
terms such as implementation rates. Either approach must rely upon not only short-term responses, but 
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be designed to impact long term trends, as rehabilitation of aquatic systems will require permanent 
behavioral changes that create a multigenerational legacy of conservation practices. 
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